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ABSTRACT 
 

Hydrologic and biogeochemical dynamics of infiltration for managed aquifer 
recharge and implications for groundwater management 

  
Jennifer Pensky 

  
Due to population growth, shifts in land use, and climate change, there is an increasing 

demand for fresh water worldwide. Groundwater is an increasingly critical resource 

used to meet demand but is facing both decreasing supply and quality. Many aquifers 

have the capacity to store more groundwater, and managed aquifer recharge (MAR), in 

which surface water in infiltrated into shallow aquifers for later use, is a strategy that 

can help to replenish groundwater supplies and potentially improve water quality. In 

order to ensure that MAR systems deliver maximum benefits, it is critical to quantify 

the hydrologic and biogeochemical processes that occur during infiltration. In this 

dissertation, I present three original studies that use field, laboratory, and analytical 

techniques to investigate the linkages between the hydrologic and biogeochemical 

cycles during infiltration for MAR and the potential implications for groundwater 

management. In Chapter One, plot-scale infiltration tests showed that a readily-

available soil carbon amendment (wood chips) could enhance nitrate removal during 

rapid infiltration. In Chapter 2, linked field and laboratory studies demonstrated that 

another soil carbon amendment, almond shells, can promote more efficient nitrate 

removal than wood chips, but also can facilitate the release of geogenic trace metals. In 

Chapter Three, multi-criteria decision analysis (MCDA) was paired with a GIS in order 

to assess where recharge occurs, could occur, or could be developed through MAR 
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projects in Santa Clara County, California. Collectively, these studies help to further 

our understanding of both hydrologic and biogeochemical processes and inform 

sustainable water resource management. 
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RAPID INFILTRATION: IMPLICATIONS FOR MANAGED 
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Abstract  

We present results from a series of plot-scale field experiments to quantify physical 

infiltration dynamics and the influence of adding a carbon-rich, permeable reactive 

barrier (PRB) for the cycling of nitrogen and associated trace metals during rapid 

infiltration for managed aquifer recharge (MAR). Recent studies suggest that adding a 

bio-available carbon source to soils can enhance denitrification rates and associated N 

load reduction during moderate-to-rapid infiltration (≤1 m/day). We examined the 

potential for N removal during faster infiltration (>1 m/day), through coarse and 

carbon-poor soils, and how adding a carbon-rich PRB (wood chips) affects subsurface 

redox conditions and trace metal mobilization. During rapid infiltration, plots amended 

with a carbon-rich PRB generally demonstrated modest increases in subsurface loads 

of dissolved organic carbon, nitrite, manganese and iron, decreases in loads of nitrate 

and ammonium, and variable changes in arsenic. These trends differed considerably 

from those seen during infiltration through native soil without a carbon-rich PRB. Use 

of a carbon-rich soil amendment increased the fraction of dissolved N species that was 

removed at equivalent inflowing N loads. There is evidence that N removal took place 

primarily via denitrification. Shifts in microbial ecology following infiltration in all of 

the plots included increases in the relative abundances of microbes in the families 

Comamonadaceae, Pseudomonadaceae, Methylophilaceae, Rhodocyclaceae and 

Sphingomonadaceae, all of which contain genera capable of carrying out 

denitrification. These results, in combination with studies that have tested other soil 

types, flow rates, and system scales, show how water quality can be improved during 



3 

infiltration for managed recharge, even during rapid infiltration, with a carbon-rich soil 

amendment.  

1.1 Introduction  
 

More than 2 billion people (35% of Earth’s population) currently face water 

stress (Wada et al., 2010), while population growth, shifts in land use, and climatic 

change are all increasing global demand for fresh water. Groundwater is increasingly 

used to meet this demand in some areas, particularly in times of drought when surface 

water resources are scarce. This has led to aquifer overdraft in many regions, 

contributing negative consequences such as land subsidence and a loss of storage 

capacity (Bouwer, 1977; Herrera-García et al., 2021). Aquifer overdraft has also 

contributed to reduced water quality. Seawater intrusion is common in coastal regions 

and depleted aquifers can serve as terminal sinks for salts, nutrients, and metals that 

were previously flushed out by groundwater discharge (Konikow and Kendy, 2005; 

Werner et al., 2013). 

Many aquifers have the capacity to store more water, and managed aquifer 

recharge (MAR), in which excess water is infiltrated into shallow aquifers, is a strategy 

that can help to replenish groundwater supplies (Bouwer, 2002; Bouwer et al., 1999; 

Wendt et al., 2021). Source water quality varies and can potentially contain or mobilize 

contaminants that threaten groundwater quality (Fakhreddine et al., 2021; Tedoldi et 

al., 2016). However, MAR systems can also potentially improve groundwater quality 

through dilution and/or biogeochemical cycling of contaminants (Alam et al., 2021; 

Hartog and Stuyfzand, 2017; Hellauer et al., 2017). The infiltration rate and associated 
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fluid residence time during MAR can influence redox conditions, carbon utilization, 

and nitrogen cycling in the shallow subsurface (Greenan et al., 2009; Halaburka et al., 

2017; Hoover et al., 2016).  

Nitrogen contamination is particularly of concern, as nitrate is the most 

ubiquitous nonpoint-source groundwater contaminant worldwide and is well-known to 

pose ecological and human health risks (Burri et al., 2019; Van Drecht et al., 2003). 

Nitrogen cycling during infiltration is complex and involves many pathways, including 

nitrification, denitrification, anaerobic ammonium oxidation (anammox), and 

dissimilatory nitrate reduction to ammonium (DNRA) (Chen et al., 2014; Li et al., 

2017; Lloréns et al., 2021; Sebilo et al., 2013). Of the numerous pathways that 

transform nitrogen, anammox and denitrification are of particular interest because they 

result in net, quasi-permanent removal of nitrogen from the hydrologic cycle (Long et 

al., 2013; Shan et al., 2016).  

Anammox is a microbially-mediated process in which nitrite and ammonium 

are transformed into inert N2 gas and water under anaerobic conditions. Five genera of 

the phylum Planctomyecetes are known to carry out anammox (Strous et al., 1999). 

Anammox has been observed in a variety of settings, including marine sediments, 

floodplain soils, and wastewater treatment systems, but has not been extensively 

studied in MAR systems (Hoagland et al., 2019; Silver et al., 2018; Welti et al., 2012). 

Microbially mediated denitrification also has been observed in diverse environments, 

including in MAR systems, under sub-oxic conditions (Ginige et al., 2013; Yuan et al., 

2016). During complete denitrification, NO3- is converted to inert N2 gas. This can 
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occur when microbes oxidize organic carbon using nitrate as a terminal electron 

acceptor, with NO2-, NO, and N2O as intermediate products (Korom, 1992).  

Recent MAR studies, with infiltration rates ≤1 m/day, have shown that nitrate 

removal via denitrification can occur during managed recharge (Gorski et al., 2020, 

2019; Grau-Martínez et al., 2018a; Schmidt et al., 2011). However, more rapid 

infiltration for MAR (infiltration rates >1 m/day) can entrain oxygen in the subsurface 

and reduce the hydraulic retention time in saturated soils, contributing to oxic 

conditions that potentially hinder both denitrification and anammox (Hellauer et al., 

2018a, 2017; Regnery et al., 2016a). Carbon-rich permeable reactive barriers (PRBs) 

can increase denitrification and nitrate load removal during infiltration for managed 

recharge and groundwater flow (Beganskas et al., 2018; Gorski et al., 2019; Grau-

Martínez et al., 2018b; Robertson et al., 2005). 

In addition to nitrogen species, infiltration can also affect the cycling of redox-

sensitive metals. As oxygen content decreases, first manganese is reduced from MnO2 

to Mn2+, then iron is reduced from Fe(OH)3 to Fe2+ (Rivett et al., 2008). During rapid 

infiltration, subsurface conditions may not become sufficiently reducing to dissolve Mn 

and Fe solid phases and mobilize these metals. As such, the concentrations of redox-

sensitive elements such as Mn2+ and Fe2+, along with nitrogen species, can serve as 

indicators of redox conditions in the subsurface.  

While anoxic environments with high dissolved organic carbon (DOC) 

concentrations are favorable for nitrogen removal, they can also facilitate the release 

of trace contaminants such as arsenic (As). Arsenic poses a particular risk for MAR 
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systems due to its naturally-occurring ubiquity in soils and sediments and high toxicity 

at trace concentrations, with a World Health Organization (WHO) recommended limit 

of 10 ug/L (Fakhreddine et al., 2015; Smedley and Kinniburgh, 2002; World Health 

Organization, 2017). Under anoxic conditions, the reductive dissolution of geogenic Fe 

(oxyhydr)oxides can cause the concomitant release of adsorbed As (Fendorf et al., 

2010). Additionally, the presence of DOC can lead to faster consumption of dissolved 

oxygen, promoting reducing conditions and hastening As release. Arsenic 

contamination has been documented in MAR projects, most notably in aquifer storage 

and recovery operations using injection wells due to the abrupt introduction of recharge 

water and the associated strong contrast in redox potential with native groundwater, but 

can also be a concern in infiltration basins (Fakhreddine et al., 2021, 2015).  

Here we investigate how the presence of a carbon-rich PRB affects both 

nitrogen and trace metal cycling during rapid infiltration for managed recharge. By 

investigating nitrogen and trace metal cycling concurrently, we develop a more holistic 

understanding of how MAR systems can impact water quality, and how carbon 

amendments may be used to improve resource conditions. 

1.2 Materials and methods  
 
1.2.1 Study site 
 

This study was conducted at Kitayama Ranch (KTYA) in the Pajaro Valley 

groundwater basin, central coast California, at a site that is being considered for a new 

MAR basin to be operated by the Pajaro Valley Water Management Agency 

(PVWMA). The regional aquifer system is in overdraft, and both supply and demand 
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management efforts are underway to bring the basin into hydrologic balance (Pajaro 

Valley Water Management Agency, 2021, 2014). The site is located on a combination 

of eolian, fluvial, and alluvial deposits, adjacent to Monterey Bay (Figure 1-1), with 

shallow soils classified as loamy sand (SSURGO, 2014). Several recharge projects in 

the Pajaro Valley are currently being operated, including Kelly-Thompson Ranch 

(KTR), Storrs Winery (STR), and Harkins Slough (HSP), all located within 15 km of 

KTYA (Figure 1-1) (Beganskas and Fisher, 2017; Hanson et al., 2010; Kiparsky et al., 

2018; Racz et al., 2012). 

1.2.2 Plot construction and instrumentation  
 

Infiltration plots were used to emulate a period of continuous infiltration lasting 

two weeks, as would occur in regional MAR infiltration basins during typical 

operations (e.g., Racz et al., 2012; Schmidt et al., 2011; Beganskas and Fisher, 2017). 

Infiltration was controlled during these experiments using a system design developed 

and discussed in earlier studies (Figure 1; Beganskas et al., 2018; Gorski et al., 2019) 

and summarized briefly in this section. Infiltration tests are commonly run using single- 

or double-ring infiltrometers (ASTM:D3385-94, 2009; Bouwer, 2002a). Infiltrometers 

tend to be relatively small (which contributes to extensive lateral flow), but the larger 

the infiltration area tested, the greater the fraction of vertical flow expected to occur; 

this understanding has motivated numerous infiltration tests using plots larger than 

standard ring and disk infiltrometers (Heeren et al., 2013; Khodaverdiloo et al., 2017; 

Lucke et al., 2014; Youngs, 1991). However, larger test areas present practical 

challenges, including greater construction effort and cost and a larger water supply; the 
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latter is a particular concern for tests that run for days to weeks, especially in soils with 

a high infiltration capacity. 

Infiltration plots used in the present study were designed with these 

considerations in mind, having a footprint larger than many infiltrometers, and allowing 

independent measurements of vertical and total flow (Figure 1-1). 

Plots with an area of 1 x 1 m were hand excavated to a depth of 1 m below 

ground surface (bgs). To reduce lateral flow during infiltration, fiberglass walls were 

installed along plot edges and caulked at corner joints, with the annulus around the 

walls sealed with water-activated bentonite. Additionally, instrumentation was 

installed as close as possible to the center of each plot, where vertical flow should be 

most consistent.  

Plots were instrumented to measure bulk (total) and vertical infiltration rates. A 

stilling well was installed in each plot to measure the water level with an automated 

pressure logger. Bulk infiltration rates (IRB) were calculated by volume balance based 

on the change in water level over time when there was no inflow. Vertical infiltration 

rates (IRV) were measured in each plot using a time-series method with heat as a tracer 

(Hatch et al., 2006; Racz et al., 2012). The water level in the plots was controlled using 

an automated inflow system, including a solenoid on/off valve and float switch. This 

helped to maintain saturated subsurface conditions during infiltration and limited the 

plot water level to a defined range, based on travel of the float, so that tests could be 

run continuously for ≥15 days without having personnel on site at all times. 
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Figure 1-1 Site map where plot studies were conducted at Kitayama Ranch (KTYA), 
and where previous plot and core studies were conducted at Storrs Winery (STR), Kelly 
Thompson Ranch (KTR), and Harkins Slough (HSP) (A). Photo (B) and schematic (C) 
of the instrumentation installed in each plot indicate the location of temperature probes, 
water samplers, stilling well, and float switch in each plot. 
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Water for the experiments was diverted into the plots from an irrigation spigot 

that received flows from a mixture of an on-site groundwater well and delivered water 

from a system operated by the PVWMA and the City of Watsonville. Delivered water 

was a blend of groundwater recovered from an inland well and recycled wastewater 

from a nearby MAR system operated by the agency (Pajaro Valley Water Management 

Agency, 2021, 2014). As a consequence of using this mixture of water sources, influent 

water chemistry tended to have elevated solute concentrations (as can occur during 

MAR using non-standard water sources), allowing assessment of loads and reactions 

during rapid infiltration. In addition, influent chemistry was highly variable on an 

hourly to daily basis during the experiments because source mixtures changed over 

time, and experiments in the plots were run serially rather than simultaneously.  

One plot was left unamended at the base as a control to test native soil 

conditions. Two plots were amended with a carbon-rich PRB, one with a 30-cm layer 

of redwood chips, obtained from a local landscape supply, and one with a 30-cm layer 

comprising a 1:1 mixture of redwood chips and soil by volume.  

1.2.3 Soil sampling and analysis   
 

Sediment samples were collected from beneath the base of each plot before and 

after infiltration experiments. Samples were collected at 10 cm intervals to a depth of 

1 m below plot base (2 m bgs) and analyzed for soil texture, total organic carbon (TOC), 

total nitrogen (TN), and phylogenetic sequencing of microbial DNA. Microbial 

samples were collected using sterile techniques and were immediately placed in a liquid 
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nitrogen field dewar for storage, then transported back to the laboratory for storage. 

DNA samples were kept at -80°C until extraction. 

1.2.4 Fluid sampling and analysis   
 

Two nests of fluid sampling piezometers were installed in each plot, with 

screens placed just above the plot base, and at depths of 30 cm, 55 cm, and 80 cm below 

plot base. An additional fluid sampling piezometer was placed within the PRB layers 

in the amended plots (Figure 1-1C). After infiltration began in each plot, fluid samples 

were collected every 1-2 days from the surface and subsurface to analyze for selected 

nitrogen species (NO3-, NO2-, NH4+), dissolved organic carbon (DOC), stable isotopes 

of NO3- (d15N and d18O), and metals (As, Fe, and Mn). Samples were field filtered at 

0.45 µm and samples collected for nitrate isotope analyses were filtered again in the 

lab to 0.2 µm. All fluid samples were stored at -4° C prior to analysis. 

Nutrient samples were analyzed using a Lachat QuickChem with three channels 

to simultaneously measure NO3-, NO2-, and NH4+ using colorimetry. DOC samples 

were analyzed using a Shimadzu TOC Analyzer. Analysis of sample duplicates, blanks, 

and laboratory standards indicated that both instruments were accurate within 2-5%. 

Selected samples were sent to the UC Davis Stable Isotope Facility for analysis of NO3- 

isotopes. Samples were prepared using the bacterial method and isotopes were 

measured using a Thermo Scientific Delta V Plus IRMS (Casciotti et al., 2002).  

Metals samples were preserved with 2% HNO3 prior to analysis. Metals 

samples were analyzed using a Thermo ElementXR High Resolution Inductively 

Coupled Mass Spectrometer. Analysis of sample duplicates, blanks, laboratory 
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standards, and standard reference materials (SRM) indicated accuracy for metals of 

≤5%. 

Net differences in solute loads, DXL (g-N/m2day-1), were calculated for each 

day as: 

∆𝑋! 	= [X]"#$%&	𝐼𝑅' −	[X]()*+,-#	𝐼𝑅'  [1] 

where [X] is solute concentration and IRv is the vertical infiltration rate. "Surface" and 

"depth" subscripts refer to the inflowing water and the deepest piezometer sampled, 

respectively. Differences in solute loads with depth for samples collected during a 

single day are interpreted in terms of changes during transport, based on repeated 

sampling of fluid parcels at multiple depths (e.g., Lagrangian approach). DXL > 0 

indicates a net load increase, whereas DXL < 0 indicates net load reduction. When 

discussing nitrogen species, the aggregate nitrogen load in solution is defined as: [N]L 

= [NO3]L +[NO2]L +[NH4]L. Net differences in solute concentration were also 

calculated.  

For subsurface samples in each plot, reported values of both solute loads and 

concentrations are generally the average of two samples collected at each depth, one 

from each fluid sampling piezometer. Figures showing cumulative load reduction show 

the range of values measured when there were multiple samples collected from separate 

piezometers. The variability shown with this range exceeds analytical errors associated 

with individual to be significant if p < 0.05 (Tables S1-3-S1-7). 

1.2.5 DNA extraction and phylogenetic sequencing  
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Methods for microbial analysis of soil samples were similar to those described 

in previous studies (Beganskas et al., 2018; Gorski et al., 2020, 2019). Briefly, soil 

DNA was extracted with a PowerSoil DNA Isolation Kit (QIAGEN). The Qubit 4 

Fluorometer (Invitrogen) was used to quantify DNA extracts. PCR amplicons (~550 

bp) with soil DNA and 16S rRNA gene primers targeting the V4 and V5 variable 

regions. The PCR amplicon sequencing pipeline used in this study was adapted from 

Illumina MiSeq platform protocol for 16S metagenomic libraries (Beganskas et al., 

2018). The overall pipeline included steps for the primary PCR using 16S rRNA 

primers (Parada et al., 2016), PCR clean-up, library preparation (adding unique 

sequencing indices [barcodes] to each PCR amplicon), normalizing DNA 

concentrations of each library, and library pooling. The pooled library was sequenced 

on the Illumina MiSeq (600 cycles v3 PE300 flow cell kit) at the University of 

California, Davis Genome Center. The raw sequence reads have been uploaded to the 

National Center for Biotechnology Information Sequence Read Archive (accession 

number: PRJNA787642).  

Sequence reads were separated into amplicon sequence variants (ASVs) using 

the DADA2 algorithm and assigned taxonomy using the QIIME database. Soil samples 

were grouped by treatment (native soil, wood chips, and 1:1 mixture) and timing 

(collected before infiltration began or after infiltration was completed) in order to 

analyze for differences with location and treatment and changes with time. The 

phyloseq package (v. 1.22.3) in R (v. 3.4.3) was used to calculate and visualize beta 

(between sample) diversity. 
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1.3 Results  
 
1.3.1 Infiltration rates and dynamics  
 

Bulk infiltration rates were highest at the start of each test (up to 30 m/day in 

native soil, 24 m/day in wood chips, and 22 m/day in the 1:1 mixture) and tended to 

decrease over time (Figure 1-2). The higher initial bulk infiltration rates likely resulted, 

in part, from saturation of shallow pores after the start of infiltration and rapid lateral 

flow below the walls of the plots at later times. Over the duration of the tests, average 

bulk infiltration rates were highest in the native soil and wood chip plots, 14.3±7.2 and 

14.3±2.2 m/day, respectively, whereas significantly lower bulk infiltration rates were 

observed in the plot with the 1:1 mixture PRB, 7±1.0 m/day (Tables S1-1, S1-3).  

Vertical infiltration rates (IRV) as measured with thermal probes were rapid, 

although considerably lower than bulk infiltration rates. The highest IRV values were 

~4 m/day in the native soil and 1:1 mixture plots, and ~3 m/day in the wood chip PRB 

plot (Figure 1-2). Over the duration of the tests, average vertical infiltration rates were 

essentially identical for the three treatments: 2.2±0.7 m/day for native soil, 1.9±0.4 

m/day for the wood chip PRB, and 2.2±0.8 m/day for the 1:1 mixture PRB (Table S1-

1). Vertical infiltration rates were ~15-25% of bulk rates, indicating a large component 

of lateral flow in shallow soils below the base of plot walls. This last observation is 

consistent with earlier plot-scale studies (e.g. Beganskas et al., 2018; Gorski et al., 

2019) and for infiltration testing more broadly (Bouwer, 1986; Rice et al., 2013). In 

inundated fields and in operating MAR infiltration basins that are much wider than  
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Figure 1-2 Infiltration Rates Total (bulk) and vertical infiltration rates for the native 
soil (A), wood chip (B), and 1:1 mixture (C) plots. The solid black line indicates the 
total infiltration rate, while the dashed line indicates vertical infiltration rates. The 
dashed vertical lines indicate times when the float switch was lowered. Vertical gray 
bars indicate times when the plot went dry due to float switch failure.  
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deep, vertical flow is expected to dominate, except adjacent to basin edges and/or where 

there is extensive textural layering of shallow soils (e.g., Bouwer, 2002). 

1.3.2 Soil characterization 
 

Soil properties were generally consistent beneath all three of the plots. Soil 

samples were coarse, ≥80% sand (Figure S1-2), consistent with soil maps for the field 

site. TN was very low in all samples, ≤0.05% and with little difference between samples 

collected before and after infiltration (Figure S1-3). TOC was also low in all samples, 

with values of  0.05% to 2.0% (Figure S1-3). The soil samples collected below both of 

the carbon-amended plots after infiltration were generally 0.01-0.05% higher in TOC 

than were samples collected before infiltration.  

1.3.3 Variations in DOC and N load reductions with depth  
 

The chemistry of infiltrating water varied across plots and with depth over time, 

along with infiltration dynamics and redox conditions (Figures S1-4 and  S1-5). There 

was little change in dissolved organic carbon load (D[DOC]L) in the native soil, 

whereas there were clear increases in D[DOC]L in both carbon-amended plots (Figures 

1-3A, S1-6). In the native soil plot, daily D[DOC]L values were small and varied from 

day to day between addition and removal, with an average of 2.01 g-DOC/m2 

cumulatively removed over 20 days (Figure 1-3A). In the wood chip plot, D[DOC]L 

was significantly greater than in native soil (p-value = 0.05), averaging 0.30 g-

DOC/m2/day and accumulating 4.20 g-DOC/m2 during the full test (Figure 1-3A). The 

1:1 mixture plot had higher influent [DOC] than the other two plots (average ~ 4.7 g-

DOC/m2/day compared to 3.1 and 2.6 g-DOC/m2/day in the native soil and wood chip  
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Figure 1-3 Nutrient and DOC load changes Cumulative DOC load (A), NO3-N load 
(B), NO2-N load (C), and NH4-N load (D) changes over the duration of the percolation 
experiments for each treatment. The solid lines represent the average cumulative solute 
load from the two samples collected at each depth. The shaded region shows the range 
between the highest and lowest cumulative load values from the two samples collected 
at each depth. Daily variations for these analytes are shown in Figure S1-6. 
 

 

 

 



  18  

treatments, respectively). The 1:1 mixture plot also had the most consistently positive 

D[DOC]L, averaging ~1.9 g-DOC/m2/day and accumulating 29.0 g-DOC/m2 over the 

full test (Figure 3A), more than a 6-fold increase over the wood chip plot.  

Daily D[NO3-]L was variable in the native soil plot, with most days resulting in 

positive values and an average of 17.5 g-NO3-/m2 added cumulatively during the test 

(Figure 1-3B). In the wood chip plot, D[NO3-]L was negative, with an average of 8.80 

g-NO3-/m2 removed cumulatively (Figure 1-3B). The majority of infiltration days had 

net [NO3]L removal in the 1:1 mixture plot, with average daily [NO3-]L removal up to 

9.21 g-NO3-/m2/day and an average of 2.86 g-NO3-/m2 removed cumulatively (Figure 

1-3B). 

Nitrite load addition was observed in all three plots, consistent with active 

denitrification, despite very rapid infiltration. In the native soil plot, [NO2-]L addition 

was highest at the beginning of the test (infiltration days 1 to 6), with 2.50 g-NO2-/m2 

of cumulative addition (Figure 1-3C). In the wood chip plot, [NO2-]L addition was 

consistent but modest, with an average total of 0.46 g-NO2-/m2 added (Figure 1-3C). 

Nitrite load addition was highest in the 1:1 mixture plot, with  [NO2-]L on all infiltration 

days and an average cumulative addition of 5.02 g-NO2-/m2 over the full test (Figure 

1-3C). 

In the native soil and wood chip plots, [NH4+] and D[NH4+]L were minimal on 

all infiltration days (Figure 1-3D), with inflowing [NH4+]L < 2.5 g-NH4+/m2/day. 

However, when the test was run in the 1:1 mixture plot, inflowing [NH4+]L was much 

higher, with an average of 6.90 g-NH4+/m2/day (Figure S1-6). This was likely due to 
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differences in the delivered water blend, a mixture of groundwater and recycled 

wastewater. In the 1:1 mixture plot, [NH4+]L removal was observed on the majority of 

infiltration days, with a cumulative [NH4+]L reduction = 45.1 g-NH4+/m2 (Figure 1-3D). 

In native soil, N load reduction for the aggregate of species measured was 

observed on 4 of 16 infiltration days, with a maximum of 13% N removed on ID-13 

and ∆NL = 1.79 g-N/m2/day removed on ID-7 (Figure 1-4). However, N load addition 

was observed for the remaining 12 infiltration days (Figure 1-4B). The cumulative N 

load addition for native soil was 23.7 g-N/m2 (Figure 1-4C). The wood chip plot saw 

limited N load removal, with a maximum of 32% N removal and ∆NL = 4.61 g-N/m2 

removed on ID-4, and 7.38 g-N/ m2 removed in total. The 1:1 mixture plot showed the 

most days with N load removal (11) and had the largest cumulative ∆NL, 44 g-N/m2, 

over 16 days (Figure 1-4). The higher N load removal in the 1:1 mixture plot resulted 

partly from the higher influent NH4+, although the fraction of load removal was greater 

for many days compared to other plots. Overall, N load removal was significantly 

greater for both the wood chip and 1:1 mixture plots than for the native soil plot (p-

values = 0.02 and 0.006, respectively).  

1.3.4 Variations in metal load with depth  

There were significant changes in [Mn]L with depth in both of the carbon-

amended plots (wood chips and 1:1 mixture) relative to native soil (p-values = 6.2E-04 

and 0.001, respectively) (Figure 1-5). Native soil saw little to no difference in [Mn]L 

with depth, whereas the wood chip and 1:1 mixture plots saw large increases in D[Mn]L 

(cumulative D[Mn]L was 15.9 g-Mn/m2 in the wood chip plot and 34.7 g-Mn/m2 in the  
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Figure 1-4 N changes The daily fraction of N difference, where positive values 
indicate N addition and negative values indicate N removal (A). Daily N load reduction 
for each treatment (B). Cumulative N load reduction of the duration of the tests for each 
treatment (C). 
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Figure 1-5 Cumulative metals load changes Cumulative Mn load (A), Fe load (B), 
and As load (C) changes over the duration of the percolation experiments for each 
treatment. The solid lines represent the average cumulative solute load from the two 
samples collected at each depth. The shaded region shows the range between the 
highest and lowest cumulative load values from the two samples collected at each 
depth. Daily variations for these analytes are shown in Figure 1-S8. Note different scale 
shown for As data. 
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1:1 mixture plot) (Figure 1-5A). In both carbon-amended plots, increases in [Mn] were 

highest during the first 10 days of the tests, then decreased, but remained elevated 

relative to inflowing water for the remainder of the tests (Figures 1-5 and S1-8). 

The native soil plot yielded the largest increases in [Fe]L with depth (Figure 1-

5B). [Fe]L increased 12.2 g-Fe/m2/day cumulatively over the duration of the test, with 

much of the increase occurring on two days: ID-3 (5.31 g-Fe/m2/day) and ID-10 (4.39 

g-Fe/m2/day) (Figures 1-5 and S1-8).  [Fe]L did not increase as much or as consistently 

as [Mn]L in either the plots with wood chip and 1:1 mixture PRBs (Figure 5B), with 

cumulative values of ∆[Fe]L = 3.2 g-Fe/m2 and 0.1 g-Fe/m2, respectively. 

There was modest [As]L removal with depth throughout tests with both native 

soil (∆[As]L = -10 mg-As/m2) and a wood chip PRB (∆[As]L = -6.1 mg-As/m2) (Figure 

1-5C). The 1:1 mixture plot initially showed [As]L removal, but there was modest [As]L 

addition towards the end of the test, with cumulative ∆[As]L = 1.1 mg-As/m2 (Figure 

1-5C). Throughout the tests in all plots, [As] remained well below the WHO 

recommended limit of 10 µg/L. A summary of all solute load results is presented in 

Table S1-2. 

1.3.5 Microbiological dynamics  
 
 Within the samples collected before the experiments, the ten most abundant 

microbial phyla comprised ~90% of total sequences (Figure 1-6A). The three most 

abundant phyla were Actinobacteriota (20.7%), Acidobacteriota (15.7%), and 

Chloroflexi (12.1%), which appear in similar percentages in soils below all three test 

plots before testing. Following infiltration, the microbial ecology shifted, with the three  
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Figure 1-6 Microbiological changes Proportions of the ten most abundant phyla for 
each treatment before and after infiltration (A). Proportions of the ten most abundant 
families for each treatment within the phyla Proteobacteria, the most abundant phyla 
in all treatments in the samples collected after infiltration (B). 
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most abundant phyla being Proteobacteria (42.9%, up from about 10% before testing), 

Actinobacteriota (14.1%), and Acidobacteriota (7.78%).  

The increased relative abundance in Proteobacteria is of particular interest 

because representatives of this phylum are thought to be responsible for nitrogen 

fixation in many soils, and are capable of utilizing the denitrification pathway under 

both anaerobic and aerobic conditions (e.g., Ji et al., 2015; Zumft, 1997). The relative 

abundance of Proteobacteria increased following infiltration in all three plots (Figure 

1-6), with the largest increases in relative abundance occurring in the carbon-amended 

plots. The relative abundance of Proteobacteria increased by a factor of 3.2x in native 

soil and by a factor of 4.5x in both the wood chips and 1:1 mixture.  

  Within the phylum Proteobacteria, the most abundant families before 

and after infiltration were Comamonadaceae, Pseudomonadaceae, and 

Nitrosomonadaceae (Figure 1-6B). Comamonadaceae is a family of bacteria 

containing facultative organotrophs that can help to break down wood-derived carbon 

(Hahn et al., 2010; Nakatsu et al., 2006). After infiltration, the relative abundance of 

Comamonadaceae increased by a factor of 9.7 in the native soil plot, 49 in the wood 

chip plot, and 19 in the 1:1 mixture plot. Pseudomonadaceae includes genera known 

to perform denitrification and Mn reduction under anaerobic conditions (Arat et al., 

2015; Nealson and Myers, 1992). The increases in relative abundance of 

Pseudomonadaceae following infiltration were even greater, with factors of 65x, 146x, 

and 232x in native soil, wood chip, and 1:1 mixture plots, respectively. The wood chip 

and 1:1 mixture plots also saw large increases in Sphingomonadaceae, 
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Methylophilaceae, and Rhodocyclaceae following infiltration, which all have been 

shown to be associated with denitrification gene presence or function (Lapidus et al., 

2011; Liu et al., 2005; Palacin-Lizarbe et al., 2019; Takeuchi et al., 2001). 

The relative abundance of Nitrosomonadaceae increased following infiltration 

in the native soil plot, but decreased in both the wood chip and 1:1 mixture plots. 

Bacteria in the family Nitrosomonadaceae are known to oxidize ammonia into nitrate 

and assist in the nitrogen fixation process (Koops et al., 1991). The decrease in 

Nitrosomonadaceae following infiltration in the carbon-amended plots is consistent 

with subsurface conditions that became anaerobic, serving to limit or eliminate nitrogen 

fixation, and thus favoring microbes that can benefit from the observed shift in redox 

conditions. Changes in the relative abundance of all Proteobacteria families following 

infiltration were consistent at all depths within the subsurface (Figure S1-10).  

Bacteria of phylum Planctomyecetes, which are known to carry out anammox, 

were present in the soil of all three plots both before and after infiltration in this study, 

albeit at relatively low abundances (~0.01%). 

1.4 Discussion  
 
1.4.1 Mechanisms of N cycling during rapid infiltration  
 

Experimental results from this study show an increase of N removal during 

infiltration through coarse soils below carbon-amended plots, with considerable 

variability as a consequence of initial water chemistry and infiltration rate. N cycling 

during infiltration likely took place via at least three pathways: denitrification, 

nitrification, and anammox. Denitrification was likely an important pathway for nitrate 
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removal below both the wood chip and 1:1 mixture plots, as the elevated DOC in water 

flowing through shallow soils served as a readily available electron donor, accelerating 

oxygen consumption and leading to more favorable conditions for denitrification. 

Evidence for denitrification includes the consistent presence of nitrite (Figures 1-3C 

and S1-6), which is generated as an intermediate product and tends to be depleted 

rapidly unless there is active production. Further evidence for denitrification includes 

changes in microbial community structure in the carbon-amended plots (Figure 1-6). 

Both the wood chip and 1:1 mixture plots saw increases in the relative abundances of 

the families Comamonadaceae, Pseudomonadaceae, Methylophilaceae, 

Rhodocyclaceae and Sphingomonadaceae, all of which contain genera capable of 

carrying out denitrification.  

Nitrate isotopic results were mixed, with some paired measurements (at the 

surface and at depth) being consistent with fractionation leading to heavier isotopes in 

residual nitrate (particularly for 1 out of 3 days tested in native soil and 3 out of 5 days 

tested in the 1:1 mixture plot), but many samples from all plots showed little to no 

variation with depth (Figure S1-9). The inconsistency of these results may be a 

consequence of extremely rapid infiltration rates, allowing less opportunity for 

microbial selection of lighter isotopes, temperature dependence on denitrification rates, 

and/or overprinting of multiple cycles of nitrification and denitrification (Granger and 

Wankel, 2016; Osaka et al., 2018; Sebilo et al., 2019). 

It is notable that the influent DOC was significantly higher in the 1:1 mixture 

plot than in the native soil or wood chip plots, and the 1:1 mixture had the highest 
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overall magnitude of N removal. Higher inflowing DOC could have potentially 

increased N load removal in the 1:1 mixture plot in addition to the presence of the 

carbon amendment. Two-way ANCOVA testing suggests that there were significant 

effects of treatment type (native soil, wood chips, or 1:1 mixture) on N removal (p = 

0.01), but not the inflowing load of DOC on N load removal (p = 0.17), when 

accounting for both variables simultaneously (Table S1-8). However, the results of the 

two-way ANCOVA test are somewhat difficult to interpret because, according to an 

ANOVA test, the two covariates (treatment type and inflowing DOC load) are not 

independent of each other (p = 5.6E-4, Table S1-9). In either case, it is clear that 

elevated DOC, whether from the inflowing water or as a result of infiltration through 

the carbon amendment, was associated with elevated rates of N removal. 

In addition to DOC, the 1:1 mixture plot also had significantly higher influent 

ammonium loads. Consequently, the higher magnitude of overall N removal in the 1:1 

mixture was associated with higher rates of ammonium availability and removal during 

infiltration. Nitrifying bacteria and/or anaerobic oxidizing bacteria potentially 

contributed to observed decreases in ammonium. Like denitrification, anammox also 

occurs under anaerobic, reducing conditions (Mulder et al., 1995), and thus could have 

been enhanced by elevated DOC in infiltrating water. Bacteria of phylum 

Planctomyecetes, which are known to include microbes capable of anammox, were 

present in the soil both before and after infiltration in this study in all plots, albeit at 

relatively low abundances (~0.01%). Both denitrification and anammox pathways are 



  28  

considered favorable with respect to transformation of highly reactive NO3- into less 

reactive N2 gas.  

 Given the low relative abundances of Planctomyecetes, the majority of NH4+ 

load reduction with depth below the 1:1 mixture plot was likely accomplished via 

nitrification. During nitrification, NH4+ is oxidized to NO3-, also generating NO2- as an 

intermediate product. However, the majority of days in the 1:1 mixture plot had NO3- 

removal rather than addition. The nitrate produced during nitrification in oxic areas of 

the subsurface could have been subsequently removed by denitrification in sub-oxic 

areas of the subsurface, aided by the presence of high DOC in the fluid. Nitrification 

likely also played a role in the N cycling observed in the native soil plot.  There was 

detectable NH4+ in the influent water as well as net NO3- and NO2- addition in the native 

soil plot over the duration of the test, which could be an indication that nitrification 

occurred. Additionally, the native soil plot saw an increase in the relative abundance of 

Nitrosomonadaceae following infiltration, a family of bacteria known to carry out 

nitrification, whereas both the wood chip and 1:1 mixture plots showed decreases in 

the relative abundance of Nitrosomonadaceae (Figure 1-6B).  

The presence of a carbon amendment may promote reducing conditions and 

increase total N removal in infiltrating water through two primary mechanisms. First, 

the presence of elevated DOC can provide an electron donor, increasing dissolved 

oxygen consumption and leading to sub-oxic subsurface conditions that promote both 

denitrification and anammox. Second, the addition of a carbon-rich PRB can increase 

the thickness of the saturated zone, and consequently the fluid residence time within 
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the saturated zone where dissolved oxygen consumption and nitrogen processing, 

including both denitrification and anammox, can occur most efficiently (Granger et al., 

2009; Lepine et al., 2016; Gorski et al., 2019). Because infiltration rates were so rapid 

in these experiments, DOC addition was modest even in the carbon-amended plots; 

nevertheless, the evidence for enhanced N cycling is clear. 

1.4.2 Impact of a carbon amendment on trace metals  
 

The higher DOC loads associated with the carbon-amended plots also impacted 

the cycling of As, Mn, and Fe. Persistent increases in Mn with depth were observed in 

both of the carbon-amended plots, but not in the native soil plot (Figures 1-5A, S1-8A). 

This is likely due to the development of sub-oxic conditions in the carbon-amended 

plots, which would both promote removal of nitrate and ammonium via denitrification 

and anammox, respectively, and enhance Mn release. Solubility calculations suggest 

that Mn-bearing soil minerals (such as MnSO4(s), pyrochroite, and rhodochrosite) and 

other solid phases were largely undersaturated in the carbon-amended plots, which 

could have facilitated Mn mobilization (Tables S1-10 to S1-12). Low pH can increase 

the mobility of trace metals such as Mn (Appelo and Postma, 1995), but the pH of 

subsurface fluids was relatively consistent and neutral during all experiments, ranging 

from 7.4 – 7.6 (Tables S1-10-S1-12).  

Fe was variable in all plots throughout the experiments, although the largest 

increases were observed on three sample days in the native soil plot (Figures 1-5B, S1-

8D-F). It is curious that ∆[Fe]L increased in the native soil plot during infiltration 

whereas ∆[Mn]L barely changed; this pattern is the opposite of that seen below the 
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carbon-amended plots, where ∆[Mn]L > ∆[Fe]L. This could suggest that redox 

conditions in the native soil were more variable than were those in other plots. Both Fe 

and Mn oxides and hydroxides in the soil can be reduced under anoxic conditions, but 

the Mn reduction zone has been found to be particularly narrow in some soil-water 

systems, and conditions in shallow soils could be in thermodynamic disequilibrium 

(perhaps limited by kinetics) or subject to linked Fe-NO3 cycling that favors Fe 

mobilization (Christensen et al., 2000; Desireddy and Pothanamkandathil Chacko, 

2021; Hamer et al., 2020). Additionally, solubility calculations suggest that Fe-bearing 

soil minerals (such as siderite, vivianite, melanterite, and Fe(OH)2) were 

undersaturated in the native soil as well as the carbon-amended plots, which could have 

contributed to Fe mobilization (Tables S1-10, S1-11, and S1-12). However, in the 

carbon-amended plots, mobilized Fe could have adsorbed to DOC, reducing the 

concentrations of dissolved Fe relative to the native soil (Riedel et al., 2013). These 

contrasting ΔMn and ΔFe results suggest that different physical and chemical controls 

may explain conditions below the carbon-amended and native soil plots.  

Arsenic generally decreased with depth during infiltration, particularly in the 

native soil and wood chip plots. Arsenic removal was highest in the native soil plot, 

which could have resulted from somewhat more oxic (less reducing) conditions 

facilitating As adsorption in the shallow subsurface. The presence of a carbon 

amendment led to a reduction of As removal for the entirety of the test below the wood 

chip plot and for the majority of days below the 1:1 mixture plot. However, there were 

a few days during the last half of the experiment during which As increased below the 
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1:1 mixture plot, perhaps in response to more strongly reducing conditions (Figures 1-

5C, S1-8) and/or shifts in inflowing water chemistry. A recent study of riverbank 

filtration found that the release of Fe and As from shallow aquifer media occurred 

through a combination of desorption of exchangeable Fe and As, dissolution of Fe-Mn 

oxides, and oxidation of Fe-bound organic matter (Bai et al., 2018; Wang et al., 2020). 

The inconsistency of day-to-day Fe and As during our experiments could result from 

rapid and highly localized shifts in redox zonation, with adjacent areas favoring 

contrasting conditions, microbial communities, and/or metal mobilization pathways 

(Hassan et al., 2015; Su et al., 2018).  

We also note that although some elevated values of Mn, Fe, and As were 

observed in inflowing water and within the subsurface, all measured values were below 

WHO guidelines and did not pose a water quality concern in this setting. In addition, 

below an operating MAR basin, passage of infiltrating water through the underlying 

vadose zone (typically ≥20-m thick in this region) where oxic conditions are expected 

to dominate, should provide opportunities for readsorption of metals that may be 

mobilized during rapid infiltration through a thin zone of saturated soil. Results from 

the present study help to motivate investigation of the speciation of trace metals during 

infiltration for MAR, to elucidate specific mechanisms of Mn, Fe, and As mobilization, 

transport, and readsorption during managed recharge operations. 

1.4.3 Impact of initial N load on water chemistry 
 

In this section, we compare relationship between inflowing N load (NL) and the 

fraction of N removed in this study to those found in previous field and laboratory 
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(column) experiments, using a variety of soils, in the same groundwater basin (Figure 

1): Kitayama Ranch (KTYA, eolian sediments), Kelly-Thompson Ranch (KTR, flood 

plain and levee deposits), Harkins Slough (HSP, eolian and fluvial sediments), and 

Storrs Winery (STR, alluvial fan deposits) (Beganskas et al., 2018; Gorski et al., 2019; 

Gorski et al., 2020). Using the initial N load (NL) as the independent variable accounts 

for aggregate differences in inflowing N and flow rates in the various experiments. All 

of these studies explored processes occurring with and without elevated DOC in 

infiltrating fluid. 

The combined datasets, drawn from all sites tested, show an exponential 

decrease in N as a function of incoming load (Figure 1-7). Individual studies focused 

on specific sets of soil and experimental conditions, but the influence of elevated DOC 

appears to be relatively consistent across the sites. For tests with native soils, the 

fraction of N removed decreases exponentially as Nfrac = 1.81e-1.09NL, with minimal N 

removal for incoming loads >5 g-N/m2day-1 (Figure 1-7A). With the addition of a 

carbon amendment and associated increases in DOC, the exponential decay of Nfrac 

versus load is more gradual, with Nfrac =1.34e-0.44NL for a wood chip PRB (Figure 1-7B) 

and Nfrac =1.58-0.51NL for a PRB comprising a 1:1 mixture of wood chips and native soil 

(Figure 1-7C). In both sets of tests with carbon-amended soils, response curves are 

shifted to the right (higher incoming loads) with measurable benefits in N removal 

extending up to ~10 g-N/ m2day-1, about twice the limit for N removal in native soils. 

The 1:1 mixture treatment in the current study was accompanied by somewhat elevated 

DOC in inflowing water, but other studies had low influent DOC and still saw
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systematic shifts in the fraction of N removed. Thus, the application of a carbon-rich 

soil amendment, as either a woodchip PRB or a 1:1 mixture of woodchips and native 

soil, appears to increase the fraction of N that can be removed at equivalent incoming 

N loads, suggesting the potential to enhance the quality of water infiltrated for MAR 

(Figure 1-8). Data from the present study are consistent with the overall trends defined 

by the data compilation, although results are more variable, which is not surprising 

given the high infiltration rates involved (≥1 m/day). 

This composite analysis with samples and data from multiple sites suggests that 

the incoming N load can be considered a fundamental control on the extent of N 

removal during infiltration under a range of physical and geochemical conditions, 

provided there is sufficient DOC present to allow development of appropriate redox 

conditions. The load tests the capacity of soil microbial communities to keep up with 

delivery of carbon and nutrients. Slower infiltration rates (associated with lower 

incoming N loads) increase the fluid residence time and allow for more extensive 

development of sub-oxic to anoxic conditions in the shallow subsurface, which 

enhances N removal processes such as denitrification and annamox. With faster 

infiltration, soil microbes have a harder time removing greater amounts of entrained 

oxygen, and redox conditions remain more oxic and/or more variable, with isolated 

zones of modestly elevated N processing. 

1.4.4 Linking infiltration, geochemistry, and microbial ecology during MAR 

Experimental results from this study demonstrate the benefits of increasing 

DOC in infiltrating fluids during MAR, and points to complexity in relationships 
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Figure 1-8 Effect of inflowing N load, all studies and settings (field, laboratory) 
The fractions of N removed as a function of inflowing N load (inflowing mass of N x 
vertical infiltration rate) for this and previous studies, where all studies are grouped by 
treatment (native soil, wood chips, and 1:1 mixture). Positive fractions of N values 
indicate N removal, while negative fractions of N values indicate N addition. Solid 
lines for each treatment show the exponential fit. Shaded blue area indicates the 
enhanced fraction N removed benefit when applying a carbon amendment (wood chips 
or 1:1 mixture). 
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between use of a PRB, infiltration rate, substrate composition, water chemistry, and 

soil microbial ecology. As with non-traditional water sources generally, there was 

considerable variability in the geochemistry of the inflowing water. Nonetheless, the 

impacts observed are large enough to be clearly expressed, whether higher DOC occurs 

within incoming fluid or is provided by a carbon-rich PRB. Soil sample analyses 

indicated that microbes capable of carrying out N removal were present in the soil prior 

to infiltration and increased in relative abundance as a consequence of infiltration. The 

increase in putative denitrifying taxa in all three plots indicates that these soils likely 

have the potential for more extensive NO3- removal at lower infiltration rates, which 

commonly develop over time in operating recharge basins due to compaction, sediment 

accumulation, and other processes (Bouwer, 2002; Beganskas and Fisher, 2017; Zaidi 

et al., 2020).  

Microbes of the phylum Planctomycetes, which are capable of carrying out 

anammox, were also present in the soil both before and after infiltration in all plots and 

may have facilitated rapid NH4+ removal in the plot with the 1:1 mixture amendment, 

which had elevated NH4+ in inflowing water. Although enhanced N cycling was 

accompanied in some cases by mobilization of metals from shallow soils, elevations of 

metals concentrations were modest, and there should be opportunity for oxidation and 

readsorption in the vadose zone above the regional water table. Overall, the higher 

loads of DOC in infiltrating water, either as inflow or with the addition of a bio-

available carbon from a PRB, allowed for a greater range of infiltration rates under 

which water quality improvement was possible. This is important for managed recharge 
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systems in which there are rapid infiltration rates and non-traditional surface water 

sources (e.g., stormwater, recycled water) that would benefit from water quality 

improvement. 

Understanding the relationship between infiltration, geochemistry, and 

microbial ecology is critical for optimizing the performance and operation of managed 

recharge systems. The present study was completed at a single site and at a plot scale, 

but other studies have found similar results from plot studies and at larger and smaller 

scales (Gorski et al., 2019; Grau-Martínez et al., 2018a; Schmidt et al., 2012, 2011). At 

the scale of an operating MAR infiltration basin, one should expect considerable soil 

heterogeneity (Beganskas and Fisher, 2017; Racz et al., 2012), which is likely to cause 

to differences in both rates of infiltration and contaminant cycling. When there are 

goals for improving both water supply and water quality, these systems might benefit 

from greater control of infiltration rates, to increase the fluid residence time and 

encourage development of a thicker and more reactive shallow soil layer. As a practical 

matter, creating a carbon-rich PRB in an operating MAR basin is relatively inexpensive 

and simple, mainly requiring spreading and disking-in of a suitable material that is 

locally available. Maintenance for a MAR system that uses a PRB with a mixture of 

soil and supplemental carbon, such as wood chips, is also relatively easy, as this 

approach permits scraping using standard agricultural equipment followed by disking 

to open up soil pores. Additional carbon can be added over time as may be needed. 

There are challenges associated with optimization of MAR systems for 

improvement to water quality. Slower infiltration rates can enhance N removal, but can 
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also mobilize geogenic contaminants such as trace metals (Fakhreddine et al., 2021). 

Complex interactions between soil type and properties, bio-available carbon, 

infiltration rates, and additional factors require care in designing and operating MAR 

systems to achieve multiple goals and avoid degradation of essential resources. This 

study helps to motivate additional work in operating MAR systems that will help to 

define the range of conditions under which benefits during MAR can be generated and 

degradation to water quality can be avoided. 

1.5 Conclusions  
 

This study has shown how elevated DOC, including that released by a carbon-

rich PRB, encourages nitrogen and trace metal cycling, in association with shifts in soil 

microbial ecology, during infiltration at rapid infiltration rates (>1 m/day) through 

coarse and carbon-poor soil. Experimental plots that used carbon-rich PRBs resulted in 

higher pore-fluid dissolved organic carbon concentrations and loads, and lower N 

loads, compared to results in native soil under similar hydrologic conditions. 

Experimental results were highly dynamic from day to day, with changes in inflowing 

fluid chemistry and as redox conditions likely shifted from oxic to sub-oxic or anoxic 

over short length and time scales. Nevertheless, cumulative calculations show that the 

introduction of bio-available carbon during rapid infiltration can help to improve water 

quality. The application of a carbon amendment increased the fraction of N that can be 

removed at equivalent inflowing N loads at rates consistent with findings from previous 

studies. Notably, a 1:1 mixture of native soil and wood chips appeared to be similarly 

efficient for N removal compared to wood chips alone, despite the mixed layer 
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containing a smaller volume of wood chips. This suggests that in both of the carbon-

amended plots, there was no DOC limitation for N cycling in infiltrating water below 

the PRB (whether this DOC came from inflowing water or the PRB). These results also 

suggest that there may be benefits to keeping the PRB carbon source in close proximity 

to soil microbial communities, as was achieved with a PRB comprising a mixture of 

native soil and a carbon amendment.  

These experiments also showed that, in additional to enhancing N cycling, 

shifting redox conditions can contribute to mobilization of Mn and (to a lesser extent) 

Fe and As in the soils tested. Concentrations of these metals in soil pore fluid remained 

well below actionable levels in this study, but under slower infiltration and/or more 

reducing conditions, additional metal mobilization could occur. This illustrates 

challenges inherent in operating MAR systems for improvement to multiple water 

quality parameters: improvement in one could contribute to degradation in another.  

Experimental results from this and related studies indicate that both water 

quality and quantity can be improved during managed recharge, even during rapid 

infiltration. Mixing in an inexpensive carbon amendment, such as wood chips, can be 

particularly helpful in removing nitrogen species, which are common contaminants in 

surface water and groundwater in basins developed for agriculture. Given increased 

threats to groundwater supply and quality facing water-stressed regions worldwide, 

incorporating bio-available carbon as part of designing and operating managed 

infiltration projects should be assessed as a more common practice. 
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Total Infiltration Rates 

(m/day) 
Vertical Infiltration Rates 

(m/day) 

Comparison Type Tails p.value 
sig @ 
0.05 p.value 

sig @ 
0.05 

NS > WC 3 1 0.4 0 0.08 0 

NS > MIX 3 1 <2.2e-16 1 0.46 0 
WC > MIX 3 1 <2.2e-16 1 0.08 0 

 
 
Table S1-3. Single-tailed t-test results comparing total and vertical infiltration rates between 
treatments. 
 

      
∆NO3L 

(gNO3/m2/d) 
∆NO2L 

(gNO2/m2/d) 
∆NH4L 

(gNH4/m2/d) 
∆NL 

(gN/m2/d) 

Comparison Type Tails p.value 

sig 
@ 

0.05 p.value 

sig 
@ 

0.05 p.value 

sig 
@ 

0.05 p.value 

sig 
@ 

0.05 
NS > WC 3 1 0.05 1 0.01 1 0.56 0 0.02 1 

NS > MIX 3 1 0.18 0 0.96 0 0.001 1 0.006 1 

WC > MIX 3 1 0.65 0 0.99 0 0.001 1 0.07 0 

 
Table S1-4. Single-tailed t-test results comparing N species load and total N load addition 
between treatments. 
 

      
∆DOCL 

(gDOC/m2/d) 
∆MnL 

(gMn/m2/d) 
∆FeL 

(gFe/m2/d) 
∆AsL 

(gAs/m2/d) 

Comparison Type Tails p.value 

sig 
@ 

0.05 p.value 

sig 
@ 

0.05 p.value 

sig 
@ 

0.05 p.value 

sig 
@ 

0.05 

NS < WC 3 1 0.05 1 6.2E-4 1 0.89 0 0.12 0 
NS < MIX 3 1 0.006 1 0.001 1 0.95 0 2.6E-4 1 

WC < MIX 3 1 0.03 1 0.05 1 0.97 0 2.1E-6 1 
 
 
Table S1-5. Single-tailed t-test results comparing DOC load and metals load addition between 
treatments. 
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NO3In 

(gNO3/m2/d) 
NO2In 

(gNO2/m2/d) 
NH4In 

(gNH4/m2/d) 
NIn 

(gN/m2/d) 

Comparison p.value 

sig 
@ 

0.05 p.value 

sig 
@ 

0.05 p.value 

sig 
@ 

0.05 p.value 

sig 
@ 

0.05 

NS > WC 0.04 1 0.01 1 0.03 1 0.04 1 

NS < MIX 0.81 0 0.03 1 1.2E-6 1 0.32 0 

WC < MIX 0.05 1 5.1E-4 1 8.2E-7 1 2.4E-4 1 

 
Table S1-6. Single-tailed t-test results comparing inflowing N species and inflowing total N 
loads between treatments. 
 
 

  
DOCIn 

(gDOC/m2/d) 
MnIn 

(gMn/m2/d) 
FeIn 

(gFe/m2/d) 
AsIn 

(gAs/m2/d) 

Comparison p.value 

sig 
@ 

0.05 p.value 

sig 
@ 

0.05 p.value 

sig 
@ 

0.05 p.value 

sig 
@ 

0.05 

NS > WC 0.11 0 0.86 0 0.15 0 0.05 1 

NS < MIX 0.006 1 6.5E-4 1 0.79 0   

NS > MIX       0.03 1 

WC < MIX 4.1E-4 1 1.3E-4 1 0.44 0 0.74 0 
 
Table S1-7. Single-tailed t-test results comparing inflowing DOC, Mn, Fe, and As loads between 
treatments. 
 
 

ANCOVA 
Response: N load removal 

  
  

Variable F-value p-value 

Carbon amendment type 5.31 0.009 

Inflowing DOC load 1.94 0.17 
Carbon amendment type: 

Inflowing DOC load 0.84 0.44 
 
Table S1-8. Two-way ANCOVA test results comparing the effects of carbon amendment type 
and inflowing DOC load, carbon amendment type, and the interaction between the two on N load 
removal when accounting for both variables simultaneously. 
 



60 
 

 
 

 
 
Table S1-10. pH values  and simulated saturation indices for soil solid phases in the 
native soil from two fluid sampling days. Sample names indicate the date the sample 
was collected and the depth at which it was collected in centimeters below plot base, 
in the format “YYMMDD_XXX.” 
 
 
 
 
 
 
 
 
 

 
ANOVA 
Numeric variable: Inflowing DOC load 

  
  

Categorical variable F-value p-value 
Carbon amendment type 9.07 5.6E-4 

 
Table S1-9. ANOVA results testing the correlation between inflowing DOC load (numeric) and 
carbon amendment type (categorical). 
 

180709_000 180709_030 180709_055 180720_000 180720_030 180720_055

pH (Measured)
7.40 7.40 7.40 7.50 7.40 7.50

Minerals 
(Saturation Index)
As2O5(s) -35.16 -36.18 -36.10 -35.64 -35.60 -36.00
Fe(OH)2 (am) -5.93 -5.10 -5.55 -4.57 -4.80 -4.48
Fe(OH)2 (c) -5.06 -4.22 -4.67 -3.70 -3.93 -3.61
Melanterite -7.97 -7.13 -7.58 -6.87 -6.90 -6.77
Mn3(AsO4)2:8H2O(s) -17.67 -18.62 -22.80 -45.42 -45.96 -45.78
Mn3(PO4)2(s) -40.10 -40.03 -44.27 -67.68 -67.90 -67.65
MnCl2:4H2O(s) -14.94 -14.93 -16.34 -24.44 -24.42 -24.42
MnCO3 (am) -2.06 -2.03 -3.44 -11.20 -11.29 -11.20
MnHPO4(s) -10.49 -10.47 -11.88 -19.74 -19.75 -19.72
MnSO4(s) -13.02 -13.00 -14.41 -22.37 -22.36 -22.36
Pyrochroite -7.66 -7.63 -9.05 -16.75 -16.94 -16.74
Rhodochrosite -1.56 -1.54 -2.94 -10.70 -10.79 -10.70
Siderite -1.98 -1.15 -1.59 -0.68 -0.80 -0.58
Vivianite -26.16 -23.66 -25.00 -22.40 -22.73 -22.10

Native soil
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Table S1-11. pH values  and saturation indices for soil solid phases in the wood chips 
from two fluid sampling days. Sample names indicate the date the sample was 
collected and the depth at which it was collected in centimeters below plot base, in 
the format “YYMMDD_XXX.” 
 
 
 
 
 
 

180727_000 180727_030 180727_055 180809_000 180809_030 180809_055

pH (Measured)
7.50 7.40 7.50 7.70 7.60 7.60

Minerals 
(Saturation Index)
As2O5(s) -35.69 -36.09 -37.06 -36.60 -36.80 -36.61
Fe(OH)2 (am) -4.56 -4.68 -4.77 -5.50 -5.25 -5.53
Fe(OH)2 (c) -3.69 -3.81 -3.89 -4.62 -4.38 -4.65
Melanterite -6.88 -6.80 -7.08 -8.35 -7.90 -8.18
Mn3(AsO4)2:8H2O(s) -45.47 -14.70 -12.58 -20.62 -18.46 -17.16
Mn3(PO4)2(s) -67.66 -36.14 -33.42 -42.64 -39.91 -38.79
MnCl2:4H2O(s) -24.51 -13.92 -13.09 -16.54 -15.56 -15.19
MnCO3 (am) -11.18 -0.69 0.24 -2.79 -1.91 -1.54
MnHPO4(s) -19.73 -9.16 -8.32 -11.51 -10.54 -10.17
MnSO4(s) -22.39 -11.80 -10.97 -14.34 -13.34 -12.98
Pyrochroite -16.74 -6.35 -5.32 -8.16 -7.37 -7.00
Rhodochrosite -10.69 -0.20 0.73 -2.29 -1.41 -1.04
Siderite -0.65 -0.67 -0.86 -1.78 -1.44 -1.71
Vivianite -22.35 -22.36 -22.98 -25.90 -24.79 -25.62

Wood chips
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Table S1-12. pH values and saturation indices for soil solid phases in the 1:1 mixture 
from two fluid sampling days. Sample names indicate the date the sample was 
collected and the depth at which it was collected in centimeters below plot base, in 
the format “YYMMDD_XXX.” 

 
 

180821_000 180821_030 180821_055 180828_000 180828_030 180828_055

pH (Measured)
7.40 7.40 7.40 7.40 7.40 7.40

Minerals 
(Saturation Index)
As2O5(s) -35.71 -35.57 -35.54 -35.75 -35.94 -35.29
Fe(OH)2 (am) -5.71 -5.39 -5.06 -5.68 -5.76 -5.33
Fe(OH)2 (c) -4.84 -4.52 -4.18 -4.81 -4.88 -4.46
Melanterite -7.76 -7.44 -7.11 -7.71 -7.79 -7.36
Mn3(AsO4)2:8H2O(s) -18.36 -14.19 -12.39 -19.54 -16.13 -13.44
Mn3(PO4)2(s) -40.20 -16.12 -34.40 -41.35 -17.71 -15.67
MnCl2:4H2O(s) -15.20 -13.87 -13.26 -15.53 -14.33 -13.65
MnCO3 (am) -2.00 -0.66 -0.07 -2.34 -1.15 -0.47
MnHPO4(s) -10.52 0.85 -8.59 -10.90 0.32 1.00
MnSO4(s) -13.08 -11.73 -11.15 -13.43 -12.23 -11.55
Pyrochroite -7.70 -6.36 -5.77 -8.08 -6.88 -6.20
Rhodochrosite -1.51 -0.16 0.43 -1.85 -0.66 0.03
Siderite -1.66 -1.35 -1.01 -1.59 -1.68 -1.25
Vivianite -25.47 -4.47 -23.51 -25.38 -5.58 -4.30

1:1 mixture
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Figure S1-1. Water level records for each plot (A – native soil, B – wood chips, C – 
1:1 mixture) over the duration of the test. Black arrows indicate times that the float 
switch in the plot was lowered. Stars indicate times when the plot went dry. 
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Figure S1-2. Soil grain size for each plot. 
 
 

 
 
 
Figure S1-3. Soil TN and TOC (percent weight) for each plot. Filled circles represent 
soil samples collected before infiltration, while open circles represent soils collected 
after infiltration. 
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Figure S1-4. Inflowing DOC load (A), NO3-N load (B), NO2-N load (C), and NH4-N 
load (D) changes over the duration of the percolation experiments for each treatment. 
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Figure S1-5. Inflowing Mn load (A), Fe load (B), and As load (C) changes over the 
duration of the percolation experiments for each treatment. Note different scale 
shown for As data. 
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Figure S1-6. Net concentration change with depth (surface sample concentration – 
deepest sample concentration) of DOC (A) and N-species (B, C, and D) in fluid 
samples collected from each of the treatments (native soil, wood chips, and 1:1 
mixture). The solid lines represent the average concentration from the two samples 
collected at each depth. The shaded region shows the range between the highest and 
lowest concentrations from the two samples collected at each depth. 
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Figure S1-8. The average concentration of Mn in pore fluids over the duration of the 
percolation tests at each of the depths sampled in the native soil, wood chips, and 1:1 
mixture plots (A). The average concentration of Fe in pore fluids over the duration of the 
percolation tests at each of the depths sampled in the native soil, wood chips, and 1:1 
mixture plots (B). The average concentration of As in pore fluids over the duration of the 
percolation tests at each of the depths sampled in the native soil, wood chips, and 1:1 
mixture plots (C).  Error bars indicate a 95% confidence interval. 
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Figure S1-9. Net concentration change with depth (surface sample concentration – 
deepest sample concentration) of Mn, Fe, and As in fluid samples collected from each 
of the treatments (native soil, wood chips, and 1:1 mixture). The solid lines represent 
the average concentration from the two samples collected at each depth. The shaded 
region shows the range between the highest and lowest concentrations from the two 
samples collected at each depth. 
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Figure S1-10. δ15N values of nitrate plotted against δ18O values of nitrate for each 
treatment on days in which NO3-  removal was detected. The arrows connect surface 
and deepest samples from the same infiltration day. Black arrows indicate enrichment 
indicative of a denitrification signal. 
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Figure S1-11. The relative abundance of Proteobacteria in soil samples from each 
treatment by depth before and after infiltration was completed. 
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Abstract  
 
We present results from a series of laboratory column studies investigating the impacts 

of infiltration dynamics and the addition of a soil-carbon amendment (wood mulch or 

almond shells) on water quality during infiltration for flood-managed aquifer recharge 

(flood-MAR). Recent studies suggest that nitrate removal could be enhanced during 

infiltration for MAR through the application of a wood chip permeable reactive barrier 

(PRB). However, less is understood about how other readily available carbon sources, 

such as almond shells, could be used as a PRB material, and how carbon amendments 

could impact other solutes, such as trace metals. Here we show that the presence of a 

carbon amendment increases nitrate removal relative to native soil, and that there is 

greater nitrate removal in association with longer fluid retention times (slower 

infiltration rates). Almond shells promoted more efficient nitrate removal than wood 

mulch or native soil, but also promoted the mobilization of geogenic trace metals (Mn, 

Fe, and As) during experiments. Almond shells in a PRB likely enhanced nitrate 

removal and trace metal cycling by releasing labile carbon, promoting reducing 

conditions, and providing habitat for microbial communities, the composition of which 

shifts in response. These results suggest that limiting the amount of bioavailable carbon 

released by a carbon-rich PRB may be preferred where geogenic trace metals are 

common in soils. Given the dual threats to groundwater supplies and quality 

worldwide, incorporating a suitable carbon source into the soil for managed infiltration 

projects could help to generate co-benefits and avoid undesirable results.  

 



75 
 

2.1 Introduction  
 

More than 2 billion people worldwide face water stress and are increasingly 

reliant on groundwater to meet demand (Wada et al., 2010). Managed aquifer recharge 

(MAR) is a suite of techniques that can replenish groundwater supplies by collecting 

and infiltrating excess surface water into underlying aquifers (Bouwer, 2002b; Dillon, 

2005; Dillon et al., 2006). MAR strategies include dedicated infiltration basins, 

injection wells, and stream bank filtration (Doussan et al., 1998; Pavelic et al., 2006). 

More recently, flood-managed aquifer recharge (flood-MAR) has been of particular 

interest in California, where precipitation is highly seasonal and varies year by year, 

major rivers tend to flood periodically, and there is abundant agricultural land on which 

infiltration can occur (Dahlke et al., 2018a; O’Geen et al., 2015). 

Flood-MAR uses excess water from high magnitude winter flows in major 

rivers for recharge on open and working lands to simultaneously enhance groundwater 

recharge and manage flood waters. There are several potential benefits to implementing 

flood-MAR, including flood risk reduction, flood-plain reclamation, aquifer 

replenishment, drought preparedness, subsidence mitigation, and climate change 

adaptation (Marr et al., 2018). Field and modeling studies suggest that there is abundant 

surface water (i.e. high-magnitude stream flow) available for on-farm flooding, and 

that many crops are resilient to inundation (Dahlke et al., 2018b; Kocis and Dahlke, 

2017). However, questions remain about the hydrogeologic and geochemical 

consequences of using flood-MAR as a water management strategy, particularly the 

potential impacts of flood-MAR on water quality. 
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During flood-MAR, contaminants can be introduced from the infiltrating water, 

past agricultural practices, or leaching of geogenic contaminants from soils (Exner et 

al., 2014; Fakhreddine et al., 2021). Because many proposed flood-MAR projects are 

on active or historical agricultural land, nitrogen contamination is of particular concern 

(Bachand et al., 2014; Katz, 2020). Nitrogen is the most ubiquitous nonpoint-source 

groundwater contaminant worldwide, and is well-known to pose ecological and human 

health risks (Burri et al., 2019; Van Drecht et al., 2003). In addition, long transport 

pathways and the legacy of past practices can result in nitrogen contamination that takes 

decades to occur or be recognized (Böhlke et al., 2002; Jessen et al., 2017; Sebilo et 

al., 2013; Van Meter et al., 2016). 

Nitrogen cycling during infiltration is complex and involves many pathways, 

including nitrification, denitrification, anaerobic ammonium oxidation (annamox), and 

dissimilatory nitrate reduction to ammonium (DNRA) (Chen et al., 2014; Hellman et 

al., 2019; Li et al., 2017; Lloréns et al., 2021; Sebilo et al., 2013). Of these pathways, 

denitrification is of particular interest because it results in net, quasi-permanent 

removal of nitrogen from the system (Long et al., 2013; Shan et al., 2016). During 

denitrification, NO3- is converted to N2 gas, with NO2-, NO, and N2O as intermediate 

products, and typically requires an abundance of nitrate, anaerobic conditions, and the 

presence of an electron donor, often in the form of organic carbon (Korom, 1992). 

Carbon amendments in soils can enhance nitrogen removal during infiltration by 

stimulating denitrification (Beganskas et al., 2018; Gorski et al., 2020; Grau-Martínez 

et al., 2018b; Nordström and Herbert, 2018; Pensky et al., 2022). Traditional carbon 
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amendment materials include wood chips, alfalfa, biochar, and other organic, carbon-

rich substrates (Addy et al., 2016; Gorski et al., 2019; Pensky et al., 2022; Schmidt et 

al., 2012). In regions where almond trees are abundant, almond shells could also be an 

effective, low-cost soil-carbon amendment.  

While carbon amendments can aid in removal of nitrate, they could also 

contribute to the mobilization and cycling of geogenic trace metals associated with 

shallow soils and aquifers. High amounts of DOC will consume available oxygen and 

drive to anoxic environments that facilitate the release of trace contaminants such as 

manganese (Mn), iron (Fe), and arsenic (As) (Borch et al., 2010). The release of 

reduced Mn and Fe has been observed in previous MAR projects that used carbon 

reactive barriers (Valhondo et al., 2015, 2014). Additionally, arsenic poses a particular 

risk due to its naturally-occurring ubiquity in soils and sediments and high toxicity at 

trace concentrations, with a World Health Organization (WHO) recommended limit of 

10 ug/L (Fakhreddine et al., 2015; Smedley and Kinniburgh, 2002; World Health 

Organization, 2017). Under anoxic conditions, the reductive dissolution of geogenic 

Fe(oxyhydr)oxides can cause the concomitant release of adsorbed As (Fendorf et al., 

2010). Arsenic contamination has been documented in MAR projects, most notably in 

aquifer storage and recovery operations using injection wells (Fakhreddine et al., 2021, 

2015), but could potentially be of concern for flood-MAR systems if conditions were 

consistently saturated and remained highly reducing for extended periods of time.  

While many studies have demonstrated that carbon amendments enhance 

denitrification, fewer studies have investigated concurrent nitrogen and trace metal 
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cycling when applying a carbon amendment for managed recharge. Additionally, few 

studies have assessed almond shells specifically as a soil-carbon amendment. For the 

present study, we collected intact soil cores from a pilot flood-MAR site and conducted 

flow-through experiments to quantify the relationship between infiltration rates, 

nitrogen cycling, and trace metal cycling in the presence or absence of a carbon 

amendment (wood mulch, almond shells). Additionally, we instrumented the field site 

in order to measure infiltration rates and dynamics in the field. By investigating how 

different carbon amendments influence concurrent nitrogen and trace metal cycling 

under the hydrogeologic conditions observed in the field, this work seeks to elucidate 

how flood-MAR may impact both water supply and quality, and how carbon 

amendments could enhance benefits and/or mobilize contaminants. 

2.2 Methods   
  
2.2.1 Study site and field measurements 
  

Three intact soil cores were collected from Teichert Ranch, a 785-acre active 

vineyard in California’s Central Valley in Wilton, CA, located adjacent to the 

Cosumnes River (Figure 2-1A). This site is part of a pilot flood-MAR project, testing 

the conditions and processes associated with diversion and infiltration of up to 7.4 x 

106 m3 (6,000 acre-feet) of water per year.  

In November 2019, Teichert Ranch was instrumented with 12 thermal probes 

(HOBO Water Temperature Pro v2 Data Logger) and 4 stilling wells with pressure 

gages (HOBO U20 Water Level Data Logger) in order to investigate infiltration 

dynamics across the site during inundation. We placed instruments along four transects  
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Figure 2-1 Site location Map of site location (A). A photo (B) and 
schematic (C) of the column configuration, including permeable reactive 
barrier (PRB) capsules and sampling locations.  
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that run roughly west-east across the site to assess conditions in the two major soil types 

mapped at the field site: silt loam on the northern portion of the property and sandy 

loam on the southern side of the property (SSURGO, 2014) (Figure 2-1A). 

Each thermal probe consisted of a PVC tube with pairs of thermal 

sensor/loggers installed at depths of 5 cm and 20 cm below the ground surface. These 

tools measured a time-series of temperature of the infiltrating water at 15-minute 

intervals. The vertical infiltration rate can be calculated as a function of the amplitude 

ratio and/or phase shift of the thermal peaks between the shallow and deep temperature 

records in the same location (Hatch et al., 2006). Each stilling well contained a pressure 

gauge recording pressure measurements at 15-minute intervals, to measure the water 

height above the ground during a flood.  

2.2.2 Soil sampling and analysis  
 

Soil samples co-located with the sediment cores were collected at 10 cm depth 

intervals to 1 m below ground surface and were analyzed for texture, total 

carbon/nitrogen, total metals, and microbiological ecology. Following the column 

flow-through experiments, soil cores were deconstructed, and soil was sampled at 20 

cm depth intervals for total carbon/nitrogen, total metals, and microbiological ecology 

to assess biogeochemical differences after infiltration. Statistical methods (single-tailed 

t-tests) were applied to determine the significance of observed differences before and 

after infiltration (Table S2-6). 

2.2.3 Column experimental design  
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  Intact soil cores were collected with a custom-built hammer-coring system and 

transported back to the lab for flow-through experiments. Soil cores were collected in 

adjacent locations (Figure 2-1) in 10 cm internal diameter (ID) polyvinylchloride 

(PVC) tubes, 100 cm in length. The cores were tested in the same tubes, in order to 

maintain the layering, structure, and microbial habitat and ecology at the field site. 

Micro-sampling ports were installed using ceramic 0.15 um pore size rhizon samplers 

for pore water collection during experiments.  

 Soil carbon amendments were placed in capsules plumbed in line with the 

columns, upstream of inflow (Figure 2-1B, 2-1C). Capsules were 30 cm in length and 

10 cm in diameter, and filled with a 1:1 mixture of wood mulch and native soil by 

volume (WM),  a 1:1 mixture of almond shells and native soil by volume (ALM), or 

native soil from the site (NS, as a control).  

A solution of local tap water (Table S2-2) and nitrate, to simulate high nitrate 

conditions during infiltration, was pre-mixed with an initial concentration of [NO3]init 

= 10 mg/L, applied for the first 120 days of the experiments. [NO3]init was raised to 20 

mg/L for the final 30 days of the experiments in order to assess the potential impact of 

higher nitrate load on the fraction of nitrate removed under otherwise similar 

infiltration conditions. The influent water was pumped in an upward flow direction, 

first through the soil amendment capsule, and then through an inverted soil core, using 

a peristaltic pump. Water was pumped upward through inverted cores to test a wide 

range of controlled flow rates under saturated conditions, without introducing air. Prior 

to sampling, core hydraulic properties were determined using Darcy experiments and 
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breakthrough tracer tests (with an inert NaCl tracer) for each core. Breakthrough test 

results are described in Table S2-1. 

 Tests of the three core treatments were run concurrently and continuously for 

150 days, with temporal results reported in terms of infiltration days (ID) which began 

once the columns were fully saturated. The infiltration rate was varied incrementally to 

determine its influence on DOC, NO3 and metal cycling, and flow rates were repeated 

to assess the potential influences of hysteresis and infiltration time. Infiltration rates 

were started at 0.2-0.3 m/day (volume/area/time) and increased to 1.3 m/day at intervals 

of ~0.3 m/day, and then decreased back down to 0.3 m/day at intervals of ~0.3 m/day 

(Figure S2-3). Every 1-2 days, infiltration rates were measured, and fluid samples were 

collected from each core. For each infiltration rate, the system was allowed to 

equilibrate for at least 24 hours before sampling, and a minimum of 3 daily samples 

were collected at each rate. For purposes of presentation and discussion, we divide the 

experiment into 7 infiltration periods based on the manipulation of infiltration rates 

(Table 2-1).  

2.4 Fluid sampling and analysis 

Influent and effluent samples were collected from each column, and pore fluids 

were extracted from the carbon amendment capsule and at soil depths of 20 cm, 40 cm, 

60 cm, and 80 cm along each column. Fluid samples were analyzed for concentrations 

of selected nitrogen species ([NO3-], [NO2-], [NH4+]), dissolved organic carbon (DOC), 

specific UV absorbance at 254 nm (SUVA), stable isotopes of NO3- (d15N and d18O),  
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Table 2-1. Experimental conditions. Infiltration rate, residence time (RT), and influent 
[N-NO3] and [DOC] are mean values over the specified infiltration days (IDs) for each 
of the treatments (NS, WM, and ALM). Influent [Mn], [Fe], and [As] values were all 
negligible. 
 
Infiltration 

period 
(IP) 

Infiltration 
day (ID) 

Infiltration 
ratea 

RT in 
PRBa 

RT in 
columna 

Influent 
[NO3-N] a 

Influent 
[DOC] a 

  m/day hrs hrs mg/L mg/L 

1 1-12 
0.31 

(0.07) 
24.6 
(6.1) 

82.0 
(20.4) 

10.6 
(0.87) 

0.33 
(0.34) 

2 36-43 
0.32 

(0.02) 
22.4 

(0.91) 
74.6 
(3.0) 

10.4 
(0.36) 

1.50 
(0.08) 

3 44-55 
0.62 

(0.10) 
11.9 
(2.0) 

39.6 
(6.6) 

10.4 
(0.48) 

1.60 
(0.21) 

4 56-85 
1.14 

(0.16) 
6.44 

(0.83) 
21.5 
(2.8) 

9.98 
(0.44) 

1.71 
(0.25) 

5 86-96 
0.60 

(0.10) 
12.2 
(2.0) 

40.8 
(6.5) 

11.1 
(0.21) 

1.79 
(0.07) 

6 97-114 
0.33 

(0.03) 
22.2 
(2.7) 

74.0 
(9.0) 

10.8 
(1.06) 

1.62 
(0.18) 

7 127-148 
0.56 

(0.09) 
13.2 
(1.8) 

44.1 
(6.0) 

21.9 
(0.64) 

1.57 
(0.80) 

a Values listed are mean (standard deviation) for each infiltration period.  
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and metals (As, Fe, and Mn). Samples were filtered at 0.2 µm and stored at -4° C prior 

to analysis. 

 Nutrient samples were analyzed using a Lachat QuickChem with three channels 

to simultaneously measure NO3-, NO2-, and NH4+ using colorimetry. DOC samples 

were analyzed using a Shimadzu TOC Analyzer. Analysis of sample duplicates, blanks, 

and laboratory standards indicated that both instruments were accurate within 2-5%. 

SUVA was determined by measuring the specific UV absorbance at 254 nm using an 

Orion AquaMate 8100 UV-Visible Spectrophotometer, and dividing that value by the 

DOC concentration measured in the same sample (Weishaar et al., 2003). SUVA is 

reported in units of L/mg-m. Selected samples were sent to the UC Davis Stable Isotope 

Facility for analysis of NO3- isotopes. Nitrate isotopic analyses were completed using 

the bacterial method (Casciotti et al., 2002) with a Thermo Scientific Delta V Plus 

IRMS.  

Metals samples were preserved with 2% HNO3 prior to analysis, then analyzed 

using a Thermo ElementXR High Resolution Inductively Coupled Mass Spectrometer. 

Analysis of sample duplicates, blanks, laboratory standards, and standard reference 

materials (SRM) indicated accuracy for metals concentrations of ≤5%. Influent and 

effluent chemistry data for all solutes and samples at each infiltration rate are listed in 

Tables S2-2-S2-3. 

Net differences in solute concentrations, DX (mg/L or ug/L), were calculated 

for each day as: 

∆𝑋 	= [X]#++.)#/% −	[X]0/+.)#/%	  [1] 
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 Net differences in solute loads, DXL (g-X/m2day-1), were calculated for each 

day as: 

∆𝑋! 	= [X]#++.)#/%	𝐼𝑅' −	[X]0/+.)#/%	𝐼𝑅'  [2] 

where [X] is solute concentration and IRv is the vertical infiltration rate. "Influent" and 

"effluent" subscripts refer to the inflowing water and the outflowing water, 

respectively. Differences in solute concentrations and loads with depth for samples 

collected during a single day are interpreted in terms of changes during transport, based 

on repeated sampling of fluid parcels at multiple depths (e.g., Lagrangian approach). 

DXL > 0 indicates a net load increase, whereas DXL < 0 indicates net load reduction. 

Statistical methods (single-tailed t-tests) were applied to determine the significance of 

observed differences between treatments (Tables S2-7-S2-8). 

2.2.5 DNA extraction and phylogenetic sequencing 

 Methods for microbial analysis of soil samples were similar to those applied in 

earlier studies (e.g., Beganskas et al., 2018). Briefly, soil DNA was extracted with a 

PowerSoil DNA Isolation Kit (QIAGEN). The Qubit 4 Fluorometer (Invitrogen) was 

used to quantify DNA extracts. PCT amplicons (~550 bp) were generated from PCRs 

with soil DNA and 16S rRNA gene primers targeting the V4 and V5 variable regions.  

2.3 Results  
 
2.3.1 Variations in organic carbon in pore fluid  
 
  Concentrations of DOC in pore fluid varied between treatments, with depth, 

and over time. During the first infiltration period (IP 1), DOC concentrations were 

higher in effluent from the carbon amended columns than in the native soil, with 
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concentrations up to 10.9 mg/L and 4.64 mg/L in the ALM and WC effluent, 

respectively, compared to a maximum of 2.50 mg/L in the NS effluent (Figure 2-2A, 

Figure 2-3A-C). During this time, elevated DOC in the carbon-amended columns was 

particularly notable in fluid samples collected from the PRB capsule, with average 

DOC concentrations of 4.18 ± 0.71 mg/L in the WC PRB and 16.0 ± 7.1 mg/L in the 

ALM PRB (Figure 2-3B-C). In contrast, during IP 1 in the NS column, average DOC 

concentrations were 0.55 ± 0.54 mg/L within the control PRB capsule and 1.24 ± 0.77 

mg/L in the effluent (Figure 2-3A). Concentrations of DOC in fluids in the carbon 

amended columns decreased with time during the experiments, resulting in modest 

increases in DOC concentration within both the PRB capsules and in effluent from the 

WM and ALM columns after IP 1 (Figure S2-6D-F). During the remainder of the test 

(IP 2 to IP 7, ID 35 to ID 150), DOC values ranged from 1.49 to 3.22 mg/L in the ALM 

effluent, 1.51 to 3.58 mg/L in the WC effluent, and 1.09 to 1.99 mg/L in the NS effluent 

(Figure 2-2A).  

 The nature of the DOC measured also changed over time, particularly in the 

native soil. SUVA values of fluids collected from NS column were highest at the 

beginning of the test during IP1 (up to 112 L/mg-m) and decreased over time (Figure 

2-3D). In the WM and ALM columns, SUVA values were lower, ranging from 0.6 to 

30.1 L/mg-m, and were lowest in the ALM column (Figure 2-3E-D). During the 

remainder of the test (ID 36 to 150), SUVA values were similar for all treatments, 

ranging from 3.1 to 6.4 L/mg-m.
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Figure 2-3 Initial DOC and SUVA Box-and-whisker plots of [DOC] (A-C) and 
SUVA (D-F) with depth during the initial infiltration period (IP 1), soon after soils 
were initially saturated for each treatment (NS, WM, and ALM). 
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2.3.2 Nitrogen transformations in pore fluid  

There were substantial differences in nitrogen transformations between the 

three treatments, with depth, and at varying infiltration rates. At the slowest infiltration 

rates (0.2-0.4 m/day, IPs 1, 2, and 6), there were reductions of [NO3-N] with depth in 

all three columns. In the NS column, the concentration of [NO3-N] in the effluent was 

as low as 6.18 mg/L, with an average of 8.78 ± 1.57 mg/L (Figure 2-2B; Figure 2-4A). 

However, at higher infiltration rates, there were no apparent reductions in [NO3-N] with 

depth in the NS column (Figure 2-2B; Figure 2-4D). In both the WM and ALM 

columns, there were reductions of [NO3-N] at all infiltration rates, with a higher 

fraction of [NO3-N] removed at lower infiltration rates and the majority of removal 

occurring within the PRB capsules (Figure 2-2B; Figure 2-5A). With influent [NO3-N] 

~10 mg/L, the [NO3-N] in the WM effluent ranged from ND (no detect) to 6.05 mg/L 

at slower infiltration rates (< 0.4 m/day, Figure 2-4B) and 2.82 to 7.97 mg/L at more 

rapid infiltration rates (> 0.4 m/day, Figure 2-4E). When influent [NO3-N] was 

increased to 20 mg/L (IP 7), effluent [NO3-N] from the WM treatment ranged from 

15.2 to 8.7 mg/L (Figure 2-2B).  

The ALM treatment resulted in the most consistent and efficient [NO3-N] 

removal, with the majority of removal occurring within the PRB capsule. At infiltration 

rates <1.3 m/day and influent [NO3-N] ~10 mg/L, there was no detected [NO3-N] from 

the ALM PRB capsule or any soil depth (Figure 2-2B; Figure 2-4C; Figure 2-5A). At 

infiltration rates ≥1.3 m/day, concentrations of [NO3-N] in the ALM effluent ranged 

from 0.90 to 1.40 mg/L, comprising a removal of ~86 to 91%. When the concentration  
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Figure 2-4 Nitrate with depth Box-and-whisker plots of [NO3-N] with depth at the 
slowest (A) and most rapid (B) infiltration rates measured for each treatment (NS, WM, 
and ALM). Slowest infiltration rates (A) occurred during infiltration periods 1, 2, and 
6. Most rapid infiltration rates (B) occurred during infiltration period 4. No data was 
available at the 20 cm depth in panel D and the 80 cm depth in panel E due to sampling 
issues. 
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Figure 2-5 Fraction of nitrate removed as a function of the inflowing nitrate load 
(infiltration rate x influent NO3 concentration) for all three treatments, with a locally 
weighted least squares regression fit. The shaded region represents the standard error 
for the regression (A). Box and whisker plots of the fraction of nitrate removed over 
the duration of the entire experiment, inclusive of all infiltration rates, for each 
treatment (B). 
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of influent [NO3-N] was increased to 20 mg/L, [NO3-N] in the ALM effluent was less 

consistent, ranging from 0.41 to 13.5 mg/L (removal of ~39 to 98%). Over the full 

experiment, both carbon amended columns (WM and ALM) had significantly higher 

nitrate load reduction ([NO3-N]L) compared to native soil, and the ALM column had 

significantly higher [NO3-N]L reduction than did the WM column (Table S2-7). 

In the NS column, there was no change in [NO2-N] with depth, and no [NO2-

N] detected in the NS effluent (Figure 2-2C). In the WM column, effluent [NO2-N] was 

elevated on the majority of infiltration days, with typical values of ~1 to 2 mg/L. In the 

ALM column, effluent [NO2-N] increased during IP 3, when the infiltration rate was 

≥0.6 m/day. Concentrations of [NO2-N] in the ALM effluent ranged from 1.89 to 3.79 

mg/L at the most rapid infiltration rates during IP 4. [NO2-N] began decreasing in the 

ALM column during IP 5, in association with a decrease in infiltration rate. When 

influent [NO3-N] was increased to 20 mg/L, [NO2-N] in the effluent of the ALM 

treatment increased to a maximum of 2.34 mg/L. NO2-N is a short-lived intermediate 

product created during denitrification, and thus finding elevated [NO2-N] during 

periods having elevated influent NO3-N loads suggests that NO2-N production may be 

more rapid than consumption, at least temporarily. 

There was substantially more [NH4-N] in the effluent of the carbon amended 

columns than in the native soil effluent, with an average of 0.24 ± 0.15 mg/L from the 

ALM treatment, 0.13 ± 0.09 mg/L from the WM treatment, and 0.0.09 ± 0.07 mg/L 

from the NS treatment, compared to an average of 0.07 ± 0.05 mg/L in the influent 

(Figure S2-7). Higher NH4-N generation in the carbon-amended columns could be the 
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result of DNRA, which is a more prevalent nitrogen transformation pathway when C/N 

ratios are higher, as they are in the WM and ALM PRB materials (Figure S2-11) 

(Nordström et al., 2021; Nordström and Herbert, 2018). However, changes in [NH4-N] 

were much smaller in magnitude than changes observed for both [NO3-N] and [NO2-

N], suggesting that the presence of a carbon amendment did not impact pathways 

resulting in generation of NH4-N as substantially as those involving NO3-N and NO2-

N.  

 Nitrogen and oxygen stable isotopes of nitrate show a progressive enrichment 

with distance past the PRB in both of the carbon amended columns, but not in the native 

soil. Cross plotting δ15N and δ18O showed a strong (often linear) enrichment in both 

isotopes for all days analyzed in fluids from both the WM and ALM treatments (Figure 

S2-8). Observed enrichment factors were εN = 21.2 and εO = 8.67 (εN/εO = 2.6) for the 

wood mulch treatment, and εN =19.5 and εO = 3.74 (εN/εO = 6.77) for the almond shell 

treatment. In contrast, there were no consistent enrichment trends for fluid samples 

collected from the native soil column. Commonly reported N-enrichment factors for 

field studies of denitrification are often εN ~ 4 to 30 (Pauwels et al., 2000; Vogel et al., 

1981), consistent with results from the wood mulch and almond shell treatments in this 

study, but observed εN/εO ratios are somewhat higher than values of 0.9 to 2.1 found on 

other aquatic systems (Bottcher, 1990; Otero et al., 2009). 

2.3.3 Trace metals in pore fluid 
  

There were notable increases in dissolved Mn concentrations in pore fluids for 

all three treatments, particularly during the first half of the experiments (Figure 2-6A). 
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Effluent from the NS treatment had elevated [Mn] concentrations during the 

first three infiltration periods, with flow rates of ~0.2 to 0.5 m/day (ID 3 to ID 51), 

with a maximum [Mn] = 1.46 mg/L, but there was little or no elevation in [Mn] 

during later flow periods. Both of the carbon amended columns saw elevated [Mn] in 

effluent relative to the NS control, particularly for the ALM treatment (Figure 2-6A; 

Figure 2-7A). In the WM treatment, [Mn] peaked at 5.02 mg/L on ID 36, then 

decreased to an average of 1.68 ± 1.41 mg/L for the rest of the test. [Mn] in effluent 

from the ALM treatment peaked on ID 48 at [Mn] = 7.77 mg/L, then decreased for 

the rest of the test, with an average [Mn] = 2.84 ± 2.31 mg/L.  

There was an increase in dissolved [Fe] in the pore fluid effluent from the ALM 

treatment, but not in the NS or (with minor exceptions) WC treatments (Figure 2-6B; 

Figure 2-7B). [Fe] in effluent from the ALM treatment was initially ~1 mg/L, increased 

to a maximum of 4.05 mg/L on ID 51, then decreased to non-detect levels after ID 114. 

Similar to Fe, there was little to no dissolved As observed in the effluent of the NS or 

WM columns, but As was ubiquitous in effluent from the ALM treatment (Figure 2-

6C; Figure 2-7C). [As] in the ALM effluent was generally 10-20 µg/L through IP 1-3 

(average 14.7 ± 1.65 ug/L), then decreased during IP 4-6 (average 11.5 ± 5.86 ug/L) 

and IP 7 (2.07 ± 0.45 ug/L (Figure 2-8). Concentrations of As in the ALM column also 

varied with depth, with the highest [As] observed at 40 and 60 cm depths, particularly 

at the beginning of the test, and lower [As] at greater depths and in effluent. In 

aggregate and data from all sampling days, the ALM effluent had significantly higher  
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Figure 2-7 Metals as a function of infiltration rate Mn (A), Fe (B), and As (C) 
concentrations of the ALM column effluent as a function of the infiltration rate over 
the duration of the column experiments, with color representing the infiltration day and 
arrows illustrating hysteretic behavior. 
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Figure 2-8 Arsenic in the ALM column  Arsenic concentrations with depth in fluid 
samples collected from the almond shell (ALM) column at 3 different timesteps: 
infiltration periods (IPs) 1 to 3, IPs 4 to 6, and IP 7. 
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trace metal loads (Mn, Fe, and As) than either the WM effluent or NS effluent (Table 

S2-5). 

2.3.4 Trace metals in soils 

Concentrations of Mn in soil samples collected after infiltration were lower than 

concentrations of Mn in soil samples collected from the field site before infiltration, 

and were lowest in soils from the carbon amended columns (Figure 2-9A). 

Concentrations of Fe in all soil samples were high, ranging from 1.0 to 6.3%, and post-

infiltration results were mixed: NS samples were slightly elevated, median WM 

samples were lower, and median ALM samples were more elevated but variable 

(Figure 2-9B). Concentrations of As were usually lower in soil samples collected after 

infiltration than in soils collected before infiltration, and were lowest in the almond 

shell column (Figure 2-9C). It is likely that the decreases in Mn and As in the soils 

following infiltration were due to leaching, with more trace metals leached from soils 

amended with carbon than from the native soil, and variability in soil Fe in the column 

samples after infiltration may result irregular leaching and net transport from the 

capsule.  

2.3.5 Shifts in soil microbiology following infiltration  
 

Within the samples collected from the same field site before the experiments, 

the 11 most abundant phyla comprised ~94% of total sequences (Figure 2-10A). The 

three most abundant phyla prior to infiltration were Actinobacteriota (22.7%), 

Proteobacteria (20.6%), and Firmicutes (14.1%). In samples collected after 

infiltration, there were decreases in the relative abundance of Actinobacteriota and
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Figure 2-10 Changes in microbial community structure Microbial communities’ 
response to different carbon amendments at the phylum level (A) and changes in 
Proteobacteria at the family level (B) before and after infiltration.  
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Firmicutes. However, all samples collected after infiltration had increases in the 

relative abundance of Proteobacteria, with the highest increases found in soils from 

the column below the ALM treatment. The relative abundance of Proteobacteria was 

24.5% in the NS column, 26.4% in the WM column, and 48.1% in the ALM column. 

 Microbes within the phylum Proteobacteria are of particular interest because 

they include families responsible for nitrogen fixation and capable of utilizing the 

denitrification pathway (Ji et al., 2015; Zumft, 1997). Within the phylum 

Proteobacteria, the most abundant families were identified for each column before and 

after infiltration (Figure 2-10B). In soils collected before infiltration, the three most 

abundant Proteobacteria families were Nitrosomonadaceae (3.0%), 

Xanthobacteraceae (2.4%), and Sphingomonadaceae (1.4%). Following infiltration, 

the three most abundant Proteobacteria families were Nitrosomonadaceae (4.7%), 

Xanthobacteraceae (2.1%), and Enterobacteriaceae (1.3%) in the NS soils; 

Comamonadaceae (3.7%), Xanthobacteraceae (3.5%), and Nitrosomonadaceae 

(3.2%) in the WM soils; and Hydrogenophilaceae (10.3%), Xanthomonadaceae 

(8.2%), and Comamonadaceae (4.2%) in the ALM soils. Additionally, NMDS analyses 

indicate that the microbial communities were notably different following infiltration 

and between treatments (Figure S2-9), with native soil being the least different and soil 

below the ALM treatment being the most different. 
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2.4 Discussion  

2.4.1 Linkages between carbon amendments and water quality 
  
 The presence of a carbon-rich soil amendment significantly increased nitrate 

removal and trace metal addition relative to the native soil (Tables S2-7-S2-8). Across 

all infiltration days, the WM and ALM treatments removed a higher fraction of NO3-

N than seen in native soil (Figure 2-5B). In particular, the ALM column saw 100% 

nitrate removal even at flow rates up to 1 m/day and inflowing N loads up to 10 

g/m2/day. However, the ALM column also saw the highest increases in trace metals 

concentrations in pore fluids, [Mn], [Fe], and [As]. The presence of a carbon 

amendment likely enhanced denitrification and trace metal mobilization through three 

primary mechanisms: releasing labile carbon, promoting reducing conditions, and 

providing habitat for microbial communities. 

The effluents from both the WM and ALM columns had significantly higher 

DOC loads than the native soil over the duration of the tests (Table S2-8). During the 

first 12 days of the tests, this difference was particularly pronounced, with the ALM 

treatment having the highest concentrations of DOC, followed by the WM treatment. 

The addition of high amounts of DOC from the WM and ALM treatments likely 

facilitated the development of anoxic, reducing conditions, which facilitated the 

consumption of NO3-N and the release of Mn and Fe. 

Additionally, the carbon amendments likely released much higher amounts of 

DOC than measured, since some DOC must have been consumed by reducing dissolved 

oxygen, NO3-N, Mn-oxides, and Fe-(oxyhydr)oxides by the time the water in the PRB 
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was sampled. The total amount of DOC released by the carbon amendments can be 

estimated by considering the redox reactions for aerobic respiration, denitrification, 

manganese-reduction, and iron-reduction. For example, during infiltration period 7, 

when the amount of influent NO3-N was highest, it would have taken ~8 mg/L DOC 

release by the WM treatment and ~20 mg/L DOC released by the ALM treatment in 

order to achieve the geochemical transformations measured from the influent to the 

outflow (Table S2-5). While these DOC values are higher than those measured (Table 

S2-6), the almond shells and wood mulch are likely producing at least that much 

carbon, but it’s being consumed by the time the fluid reaches the first sampling point 

(the PRB outlet). Previous studies measured long-term DOC releases from wood chip 

amendments up to ~40 mg/L and subsequent high nitrate removal rates (Greenan et al., 

2009; Robertson, 2010). In addition, leaching experiments with the carbon materials 

used in this study that are not underway show up to ~1,500 mg/L of DOC released from 

almond shells and up to ~250 mg/L of DOC released from wood mulch when in contact 

with low ionic (MilliQ) water for 1-24 hours (pers comms, A. Serrano). The large 

amount of DOC leached from the almond shells is consistent with strong indications of 

reducing conditions in soils of the underlying ALM column (Figs. 2-2, 2-4, and 2-6). 

The nature of DOC compounds can also influence impacts on water quality, 

with more humic, recalcitrant forms of DOC being less bioavailable to microbes 

carrying out nitrogen and trace metal cycling (Kleber, 2010; Porcal et al., 2009). Lower 

SUVA values in fluid samples collected from the WM and ALM columns indicate that 

there was less humic matter, meaning that the DOC was less recalcitrant and more 
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bioavailable compared to DOC in the NS column (Weishaar et al., 2003). The WM and 

ALM columns had similar SUVA values, but yielded substantially different 

geochemical results (Figs. 2-2, 2-5 and 2-6). Previous studies have found that almond 

shells include a significant fraction of water-soluble fermentable sugars such as sucrose 

and fructose, whereas wood mulch leaches more hydrophobic and high molecular 

weight compounds (Abusallout and Hua, 2017; Holtman et al., 2015). Future work to 

understand differences in DOC released from candidate carbon sources should explore 

the nature of specific organic compounds in solution during infiltration. 

Soil samples collected from below the ALM treatment following the flow 

experiment contained a significantly different microbial community compared to that 

seen both before flow and after flow with other treatments (Figs. 2-10 and S2-9). The 

ALM soils had the highest increase in relative abundance of Proteobacteria, a phylum 

known for denitrification (Ji et al., 2015; Zumft, 1997). Among Proteobacteria, there 

were elevated abundances of Hydrogenophilaceae, Comamonadaceae, and 

Xanthomonadaceae. Hydrogenophilaceae is a family of bacteria known to be sulfur 

reducers and found commonly in reducing environments such as water treatment 

digesters and hot springs (Orlygsson and Krisstjansson, 2014). Comamonadaceae is a 

family of bacteria containing facultative organotrophs that degrade carbon and also can 

be responsible for denitrification (Chu and Wang, 2017; Hahn et al., 2010; Nakatsu et 

al., 2006). Xanthomonadaceae are known to participate in the nitrogen cycle as well, 

including nitrate reduction (Baskaran et al., 2020). The increase in the relative 
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abundance of these families suggests that the almond shells promote more microbial 

reduction of carbon, nitrogen, and trace metals, leading to more reducing conditions.  

These results suggest that, when considering the addition of a carbon 

amendment, the nature and quantity of carbon added is important for understanding 

and anticipating water quality impacts. In the present study, wood mulch and almond 

shells had similar weight percentages of carbon (Figure S2-10), but the almond shell 

treatment was associated with more nitrate removal and greater trace metal addition. 

These findings also add to a growing body of literature demonstrating that carbon 

amendments can enhance nitrate removal, but can also facilitate the mobilization of 

redox-sensitive elements (Hellman et al., 2022, 2019; Valhondo et al., 2020, 2015, 

2014).  

2.4.2 Linkages between infiltration dynamics and water quality 
  

All treatments in this study showed a decrease in the fraction of nitrate removed 

as the flow rate and corresponding inflowing nitrate load increased (Figure 2-5). The 

rate at which the fraction of nitrate removal decreased was dependent on the treatment 

type, with the almond shells and wood mulch-amended columns removing significantly 

more nitrate even when the inflowing nitrate loads approached 15 g-NO3-N/m2/day 

(Figure 2-5A). Slower infiltration rates favor development of anoxic conditions in the 

shallow subsurface, which favors nitrate removal processes like denitrification. 

Importantly, slower infiltration rates increase the residence time of the influent water 

in the subsurface, which allows more time for microbial processing. However, high 

inflowing nitrate concentrations can overwhelm the microbial capacity for 
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denitrification, even with longer retention times, resulting in a smaller fraction of 

nitrate being removed. 

 There is evidence for active denitrification within the PRB capsules and in the 

soils below both the wood mulch and almond shell treatments. Both PRB-treated 

columns had elevated nitrite, which is generated as an intermediate product along the 

denitrification pathway, for flow rates ≥0.7 m/day for the almond shell treatment and 

≥0.3 m/day for the wood mulch treatment (Figure 2-2). When the inflowing nitrate load 

is low (with low concentration and/or slow flow rate), complete denitrification is 

possible and intermediate nitrite is depleted as quickly as it is produced. However, as 

the inflowing nitrate load increases, the delivery of nitrate overwhelms the capacity of 

soil microbes to keep up with all steps in the denitrification process, resulting in a 

standing stock on nitrite despite relatively rapid processing.  

While the infiltration rate appeared to be a primary control on the extent of nitrate 

removal, for a given PRB treatment, infiltration rate was not as strong of a control on 

trace metal cycling. The release of trace metals was much more strongly correlated with 

the presence of a carbon amendment, the carbon amendment type, and the history of 

past infiltration (Figure 2-6, Tables S2-10-S2-11). The type of carbon amendment had 

the most notable impact on trace metal release, with the ALM effluent having 

significantly higher loads of Mn, Fe, and As compared to the WM or NS columns 

(Table S2-8). However, the concentration of trace metals in the column effluent 

generally increased the most during the first 50-60 days of flow, then decreased, 

regardless of the change in infiltration rate. This apparently hysteretic behavior (Figure 
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2-7) is likely a consequence of the trace metals being geogenic, rather than introduced 

with the fluids, providing a limited pool of mobile trace metals in the soils that is 

depleted over time. It is also unlikely that the carbon amendment materials (wood 

mulch and almond shells) were the sources of the trace metals, as both the wood mulch 

and almond shells had significantly lower metal (Mn, Fe, and As)  concentrations than 

the soils (Figure S2-12; Table S2-9). This result is encouraging for the long-term 

application of carbon amendments during MAR, because after an initial pulse of trace 

metal release, metal loading should decrease. In addition, oxic conditions are likely to 

occur deeper within the vadose zone and in many shallow aquifers (Böhlke et al., 2002; 

Fryar et al., 2000; Pabich et al., 2001), which should limit trace metal mobility and 

subsequent transport (Ying et al., 2017).  

2.4.3 Implications for managed recharge field studies 
 

Results from this study suggest that there are tradeoffs between nitrate removal 

and metals mobilization during managed recharge. As such, care should be taken when 

applying a carbon amendment for MAR operations with considerations of water quality 

targets and potential infiltration rates. At infiltration rates measured at Teichert Ranch 

(0.01-0.2 m/day), native soil, wood mulch, and almond shells all promote NO3-N 

removal. However, using almond shells as a soil carbon amendment might also enhance 

leaching from soils of geogenic trace metals (Mn, Fe, and As) by promoting strongly 

reducing conditions. In this study, the influence of soil leaching decreases over time 

and with depth (distance), with the lowest trace metal concentrations in pore waters 

found at the end of flow experiments (Figs. 2-6, 2-7, and 2-8). At an operating flood-
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MAR site that experiences periodic inundation and drying, highly reducing conditions 

are likely to be short-lived, with the shallowest soil being saturated days or a few weeks 

following a rain event, then draining and becoming more oxic over time. Additionally, 

oxic conditions are expected to dominate as water flows through the vadose zone 

underlying an infiltration basin, providing opportunities for the readsorption of metals 

that were initially mobilized.   

If the primary concerns at a managed recharge project site are decreasing nitrate 

concentrations, and there is periodic wetting and drying of the system, a very labile 

carbon source, such as almond shells, may be the most appropriate. Periodic 

wetting/drying cycles will allow the temporary development of suboxic conditions that 

promote nitrate removal while also preventing the development of highly reducing 

conditions that lead to trace metal release. This has been demonstrated in sequential 

managed aquifer recharge technologies (SMART), which utilize sequential treatment 

zones characterized by carbon-rich, reducing zones followed by carbon-depleted, oxic 

zones to address multiple redox-sensitive contaminants (Hellauer et al., 2018b, 2017; 

Regnery et al., 2016b). However, if a managed recharge project is expected to have 

consistently saturated conditions, then wood mulch (or a limited application of almond 

shells) may be a preferable amendment. Additionally, adding somewhat less 

bioavailable carbon may be preferred compared to almond shells where trace 

contaminants such as arsenic are present at high concentrations in shallow soils.  In the 

present study, wood mulch promoted considerable nitrate removal, but did not lead to 

as strong of reducing conditions and associated trace metal release compared to almond 
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shells. This study helps to motivate additional work to better understand the 

mechanisms by which different carbon sources impact water quality during managed 

recharge, including the nature of DOC compounds, so that MAR systems can be 

optimized to provide maximum water supply and quality benefits. 

2.5 Conclusions 

Experimental results from this study demonstrate the benefits of applying a 

carbon amendment during flood-MAR, and illustrates the complexity in relationships 

between infiltration rates, water chemistry, soil microbial ecology, and the nature of 

the applied carbon source. Of the two carbon amendments tested, almond shells 

promoted more efficient nitrate removal than did wood mulch, but also resulted in 

greater release of trace metals from soils under some conditions. As a result, wood 

mulch or a smaller quantity of almond shells may be a preferred soil amendment for 

managed recharge where consistently saturated conditions are expected and/or where 

geogenic trace metals in the soil are a concern. The amount of geogenic metals released 

during infiltration for MAR ultimately depends on the amount and form of reactive 

metal compounds associated with soil grains; once the soil reservoir of mobile metals 

is depleted, geogenic metals should be less of a concern for ongoing MAR operations. 

Given the dual threats to groundwater supply and quality that water-stressed regions 

worldwide are facing, incorporating a soil carbon source into the design of managed 

recharge projects should be considered as a means to generate multiple benefits for 

associated water resources and aquatic systems.  
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Analytes (units) Concentration 
Aluminum (mg/L) 0.02-0.06 
Arsenic (ug/L) ND 
Fluoride (mg/L) ND - 0.24 
Nitrate as N (mg/L) ND - 1.9 
Iron (mg/L) ND 
Chloride (mg/L) 15-30 
Manganese (ug/L) ND - 2.3 
Specific conductance (umhos/cm) 415 - 485 
Sulfate (mg/L) 60 - 88 
Total dissolved solids (mg/L) 270 - 280 
Hardness (mg/L) 152 - 200 
Sodium (mg/L) 22 - 28 
Hexavalent chromium (ug/L) 0.054 - 0.18 

 
Table S2. Tap water chemistry from the City of Santa Cruz, CA for 2021, the year 
that sampling was conducted (City of Santa Cruz Water Department, 2021). 

Treatment 
Infiltration 

Rate VLa nec aLb PVed 

 (m/day) (m/day) - (cm) (L) 

NS 0.36 1.8 0.20 30 1.6 

WM 0.33 1.4 0.24 35 1.9 

ALM 0.32 1.2 0.27 30 2.1 
a linear velocity 
b longitudinal dispersion 
c effective porosity 
d effective pore volume 
 

Table S2-1. Hydraulic Properties determined by solute breakthrough curves 
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Table S2-4. Summary of influent and effluent Mn, Fe, and As concentration data for each 
treatment at each infiltration rate. 
 

Treat
ment 

Infiltration 
days (IDs) 

Infiltration 
rate 

Influent 
[Mn] 

Effluent 
[Mn] 

Influent 
[Fe] 

Effluent 
[Fe] 

Influent 
[As] 

Effluent 
[As] 

    m/day mg/L mg/L mg/L mg/L ug/L ug/L 

NS 1-5 0.38 3.0E-3 0.10 0.05 0.07 0.35 0.32 

  (0.02) (8.6E-4) (0.05) (0.07) (0.03) (0.02)   (0.02) 
NS 6-12 0.26 4.5E-3 0.59 5.2E-3 0.02 0.33 0.20 

  (0.01) (5.0E-3) (0.52) (3.0E-3) (0.02) (0.07)    (0.04)    
NS 13-43 0.33 9.6E-4 1.26 2.9E-3 0.00 0.32 0.20 

  (0.02) (2.4E-4) (0.28) (1.4E-3) (0.00) (0.07) (0.04) 
NS 44-50 0.54 1.2E-3 1.22 2.3E-3 0.00 0.31 0.18 

  (0.02) (9.6E-4) (0.18) (1.5E-3) (0.00) (0.03) (0.02) 
NS 51-55 0.72 8.5E-4 0.68 5.6E-3 0.00 0.31 0.17 

  (0.02) (3.2E-4) (0.33) (4.0E-3) (0.01) (0.02) (0.02) 
NS 56-65 1.03 1.5E-3 0.00 1.6E-2 0.01 0.36 0.23 

  (0.06) (8.7E-4) (0.00) (2.3E-2) (0.02) (0.10) (0.09) 
NS 66-73 1.35 9.0E-4 0.00 8.9E-3 0.02 0.34 0.24 

  (0.05) (1.4E-4) (0.00) (8.6E-3) (0.01) (0.04) (0.03) 
NS 74-85 1.04 1.5E-3 0.00 2.1E-2 0.01 0.37 0.29 

  (0.05) (9.0E-4) (0.00) 2.4E-2 (0.02) (0.06) (0.11) 
NS 86-90 0.70 1.3E-3 0.00 1.1E-2 0.02 0.31 0.25 

  (0.01) (9.0E-4) (0.00) (1.1E-2) (0.01) (0.01) (0.05) 
NS 91-98 0.52 1.7E-3 0.00 1.9E-2 0.01 0.32 0.28 

  (0.03) (8.4E-4) (0.00) (1.6E-2) (0.02) (0.02) (0.04) 
NS 99-114 0.34 8.4E-4 0.00 1.7E-2 0.01 0.37 0.33 

  (0.01) (2.0E-3) (0.00) (1.9E-2) (0.00) (0.07) (0.11) 
NS 115-141 0.53 4.0E-4 0.00 1.9E-2 0.02 0.43 0.37 

  (0.02) (2.0E-3) (0.00) (1.4E-2) (0.01) (0.17) (0.15) 
NS 142-148 0.75 1.9E-3 0.00 2.8E-2 0.07 0.37 0.64 

  (0.00) (1.2E-3) (0.00) (1.8E-2) (0.02) (0.07) (0.00) 

         
WM 1-5 0.40 3.0E-3 2.23 0.05 0.02 0.35 0.53 

  (0.01) (8.6E-4) (0.49) (0.07) (0.01) (0.02) (0.08) 
WM 6-12 0.25 4.5E-3 3.44 5.2E-3 0.03 0.33 0.66 

  (0.03) (5.0E-3) (0.99) (3.0E-3) (0.01) (0.07) (0.16) 
WM 13-43 0.32 9.6E-4 4.28 2.9E-3 0.02 0.32 0.56 

  (0.02) (2.4E-4) (0.47) (1.4E-3) (0.01) (0.07) (0.21) 
WM 44-50 0.53 1.2E-3 3.81 2.3E-3 0.01 0.31 0.38 
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  (0.03) (9.6E-4) (0.17) (1.5E-3) (0.01) (0.03) (0.02) 
WM 51-55 0.74 8.5E-4 3.10 5.6E-3 0.19 0.31 0.94 

  (0.02) (3.2E-4) (0.10) (4.0E-3) (0.29) (0.02) (0.89) 
WM 56-65 1.03 1.5E-3 2.04 1.6E-2 0.01 0.36 0.52 

  (0.06) (8.7E-4) (0.45) (2.3E-2) (0.01) (0.10) (0.05) 
WM 66-73 1.38 9.0E-4 1.28 8.9E-3 0.03 0.34 0.69 

  (0.04) (1.4E-4) (0.58) (8.6E-3) (0.03) (0.18) (0.11) 
WM 74-85 1.06 1.5E-3 0.94 2.1E-2 0.04 0.37 0.72 

  (0.04) (9.0E-4) (0.48) (2.4E-2) (0.07) (0.23) (0.18) 
WM 86-90 0.73 1.3E-3 0.84 1.1E-2 0.04 0.31 0.62 

  (0.04) (9.4E-4) (0.34) (1.1E-2) (0.07) (0.59) (0.11) 
WM 91-98 0.55 1.7E-3 0.94 1.9E-2 0.02 0.32 0.61 

  (0.04) (8.4E-4) (0.23) (1.6E-2) (0.02) (0.44) (0.10) 
WM 99-114 0.33 8.4E-4 0.69 1.7E-2 0.02 0.37 0.56 

  (0.05) (2.0E-4) (0.32) (1.9E-2) (0.02) (0.29) (0.13) 
WM 115-141 0.50 4.0E-3 0.15 1.9E-2 0.01 0.43 0.60 

 (0.04) (7.3E-3) (0.13) (1.4E-2) (0.02) (0.17) (0.03) 
WM 142-148 0.70 1.9E-3 0.30 2.8E-2 0.01 0.37 0.69 

  (0.00) (1.2E-3) (0.05) (1.8E-2)     (0.02)    (0.07) (0.03) 
        

ALM 1-5 0.32 3.0E-3 1.71 0.05 1.06 0.35 14.5 

  (0.02) (8.6E-4) (0.09) (0.07) (0.10) (0.02) (0.67) 
ALM 6-12 0.22 4.5E-3 4.25 5.2E-3 2.18 0.33 13.6 

  (0.01) (5.0E-3) (1.36) (3.0E-3) (0.26) (0.07) (1.52) 
ALM 13-43 0.32 9.6E-4 6.16 2.9E-3 2.48 0.32 13.7 

  (0.01) (2.4E-4) (0.30) (1.4E-3) (0.28) (0.07) (1.03) 
ALM 44-50 0.51 1.2E-3 7.24 2.3E-3 3.14 0.31 15.0 

  (0.04) (9.6E-4) (0.39) (1.5E-3) (0.52) (0.03) (0.58) 
ALM 51-55 0.70 8.5E-4 7.18 5.6E-3 3.14 0.31 17.0 

  (0.02) (3.2E-4) (0.21) (4.0E-3) (0.55) (0.02) (1.61) 
ALM 56-65 1.00 1.5E-3 5.24 1.6E-2 2.34 0.36 17.3 

  (0.01) (8.7E-4) (1.60) (2.3E-2) (0.45) (0.10) (3.41) 
ALM 66-73 1.32 9.0E-4 3.16 8.9E-3 1.78 0.34 17.5 

  (0.03) (1.4E-4) (0.93) (8.6E-3) (0.12) (0.04) (1.22) 
ALM 74-85 1.04 1.5E-3 1.82 2.1E-2 1.41 0.37 14.3 

  (0.05) (9.0E-4) (0.57) 2.4E-2 (0.34) (0.06) (2.18) 
ALM 86-90 0.69 1.3E-3 1.43 1.1E-2 0.55 0.31 4.51 

  (0.02) (9.0E-4) (0.54) (1.1E-2) (0.29) (0.01) (1.93) 
ALM 91-98 0.51 1.7E-3 1.57 1.9E-2 0.54 0.32 2.99 

  (0.05) (8.4E-4) (0.42) (1.6E-2) (0.24) (0.02) (0.47) 
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ALM 99-114 0.33 8.4E-4 1.70 1.7E-2 0.40 0.37 7.02 
  (0.03) (2.0E-3) (0.70) (1.9E-2) (0.29) (0.07) (2.62) 

ALM 115-141 0.50 4.0E-4 0.69 1.9E-2 0.02 0.43 2.02 

  (0.03) (2.0E-3) (0.21) (1.4E-2) (0.01) (0.17) (0.49) 
ALM 142-148 0.67 1.9E-3 0.51 2.8E-2 0.03 0.37 2.22 

  (0.02) (1.2E-3) (0.05) (1.8E-2) (0.03) (0.07) (0.45) 
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∆NO3-N 

(gNO3/m2/d) 
∆NO2L 

(gNO2/m2/d) 
∆NH4L 

(gNH4/m2/d) 

Comparison p.value 

sig 
@ 

0.05 p.value 

sig 
@ 

0.05 p.value 

sig 
@ 

0.05 
NS > WM < 2.2E-16 1 NA NA NA NA 
NS > ALM < 2.2E-16 1 NA NA NA NA 

WM > ALM 2.8E-12 1 NA NA NA NA 
NS < WM NA NA < 2.2E-16 1 0.01 1 
NS < ALM NA NA < 4.4E-6 1 2.8E-7 1 

WM < ALM NA NA 0.01 1 4.8E-5 1 
 
Table S2-7. Single-tailed t-test results comparing N species load change between 
treatments over the duration of the experiments, where ∆XL is equal to the effluent load 
minus the influent load. 
 

  
∆DOCL 

(gDOC/m2/d) 
∆MnL 

(gMn/m2/d) 
∆FeL 

(gFe/m2/d) 
∆AsL 

(gAs/m2/d) 

Comparison p.value 

sig 
@ 

0.05 p.value 

sig 
@ 

0.05 p.value 

sig 
@ 

0.05 p.value 

sig 
@ 

0.05 

NS < WM 2.5E-9 1 4.6E-12 1 0.06 0 
2.0E-

11 1 

NS < ALM 4.9E-5 1 2.0E-11 1 
6.1E-

12 1 
2.1E-

12 1 

WM < ALM 0.79 0 5.6E-5 1 
9.8E-

12 1 
5.6E-

12 1 
 
Table S2-8. Single-tailed t-test results comparing DOC load and metals load change 
between treatments over the duration of the experiments, where ∆XL is equal to the 
effluent load minus the influent load. 
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 TOC (%) TN (%) Mn (ug/g) Fe (%) As (ug/g) 

Comp. p.val 

sig 
@ 

0.05 p.val 

sig 
@ 

0.05 p.val 

sig 
@ 

0.05 p.val 

sig 
@ 

0.05 p.val 

sig 
@ 

0.05 
Before 
> NS NA NA NA NA 0.55 0 0.49 0 0.17 0 

Before 
> WM NA NA NA NA 0.06 0 0.07 0 0.14 0 
Before 
> ALM NA NA NA NA 0.004 1 0.56 0 0.09 0 
Before 
< NS 0.01 1 

0.00
4 1 NA NA NA NA NA NA 

Before 
< WM 0.07 0 0.04 1 NA NA NA NA NA NA 
Before 
< ALM 0.08 0 0.06 0 NA NA NA NA NA NA 

 
Table S2-9. Single-tailed t-test results comparing TOC, TN, Mn, Fe, and As in soils 
before and after infiltration for each treatment. 
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Variable 1 
Variable 

2 Treatment 

Correlation 
coefficient 

(tau) 
p.val

ue 

sig 
@ 

0.05 

Inflowing 
nitrate load 

Fraction 
of nitrate 
removed All -0.27 

1.3E-
7 1 

Inflowing 
nitrate load 

Effluent 
[Mn] All -0.19 

3.1E-
4 1 

Inflowing 
nitrate load 

Effluent 
[Fe] All -0.1 0.07 0 

Inflowing 
nitrate load 

Effluent 
[As] All 0.03 0.62 0 

Inflowing 
nitrate load 

Fraction 
of nitrate 
removed NS -0.39 

1.1E-
5 1 

Inflowing 
nitrate load 

Effluent 
[Mn] NS -0.34 

2.8E-
4 1 

Inflowing 
nitrate load 

Effluent 
[Fe] NS -0.03 0.71 0 

Inflowing 
nitrate load 

Effluent 
[As] NS 0.04 0.69 0 

Inflowing 
nitrate load 

Fraction 
of nitrate 
removed WM -0.71 

5.4E-
16 1 

Inflowing 
nitrate load 

Effluent 
[Mn] WM -0.32 

4.5E-
4 1 

Inflowing 
nitrate load 

Effluent 
[Fe] WM -0.20 0.03 1 

Inflowing 
nitrate load 

Effluent 
[As] WM 0.18 0.04 1 

Inflowing 
nitrate load 

Fraction 
of nitrate 
removed ALM -0.50 

3.9E-
8 1 

Inflowing 
nitrate load 

Effluent 
[Mn] ALM -0.15 0.09 0 

Inflowing 
nitrate load 

Effluent 
[Fe] ALM -0.12 0.19 0 

Inflowing 
nitrate load 

Effluent 
[As] ALM 0.04 0.68 0 

 
Table S2-10. Kendall’s tau test results assessing correlations between the inflowing 
nitrate load and nutrient and trace metal cycling for each treatment over the duration of 
the experiments. 
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Variable 1 Variable 2 Treatment 

Correlation 
coefficient 

(tau) p.value 
sig @ 
0.05 

Infiltration 
day 

Fraction of 
nitrate 

removed All -0.19 1.5E-4 1 
Infiltration 

day 
Effluent 

[Mn] All -0.34 
2.7E-

11 1 
Infiltration 

day 
Effluent 

[Fe] All -0.15 2.5E-3 1 
Infiltration 

day 
Effluent 

[As] All 0.04 0.49 0 

Infiltration 
day 

Fraction of 
nitrate 

removed NS -0.42 2.7E-6 1 
Infiltration 

day 
Effluent 

[Mn] NS -0.52 1.6E-8 1 
Infiltration 

day 
Effluent 

[Fe] NS -0.03 0.74 0 
Infiltration 

day 
Effluent 

[As] NS 0.32 5.3E-4 1 

Infiltration 
day 

Fraction of 
nitrate 

removed WM -0.44 4.3E-7 1 
Infiltration 

day 
Effluent 

[Mn] WM -0.66 
3.1E-

13 1 
Infiltration 

day 
Effluent 

[Fe] WM -0.27 3.0E-3 1 
Infiltration 

day 
Effluent 

[As] WM 0.02 0.02 1 

Infiltration 
day 

Fraction of 
nitrate 

removed ALM -0.31 6.1E-4 1 
Infiltration 

day 
Effluent 

[Mn] ALM -0.47 6.6E-8 1 
Infiltration 

day 
Effluent 

[Fe] ALM -0.57 
7.0E-

11 1 
Infiltration 

day 
Effluent 

[As] ALM -0.38 1.8E-5 1 
 
Table S2-11. Kendall’s tau test results assessing correlations between time (infiltration 
day) and nutrient and trace metal cycling for each treatment over the duration of the 
experiments. 
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Figure S2-1.  Precipitation, discharge, and surface water level data, WY2020. A. 
Records of daily precipitation from a tipping bucket rain gauge on site, and another 
gauge at CIMIS #155, in West Sacramento. B. Discharge measurements from USGS 
stream gage #11335000 at Michigan Bar, located approximately 11 mi upstream from 
Teichert Ranch. C. Water level on the site measured from stilling well SW-04, located 
on the southwestern portion of the site approximately 300 m southeast of Deer Creek. 
Seepage rates are reported from temperature probes co-located with SW-04.
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Figure S2-3. Infiltration rates for all three columns for the duration of the experiment. 
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Figure S2-4. Soil grain size for each column. 
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Figure S2-5. Soil TOC and TN Soil TOC % wt (A-D) and TN % wt (E-F) for each 
column before infiltration (A and E) and following infiltration (B-D, F-H) for each 
treatment. 
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Figure S2-6. DOC with depth Box-and-whisker plots of DOC with depth during the 
infiltration period (IP) 1 (A-C) and IPs 2-7 (D_F) for each column. 
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Figure S2-7. Ammonium concentrations Box plots depicting ammonium 
concentrations from each depth of each column (NS, WM, and ALM) over the duration 
of the test. 
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Figure S2-8. Nitrate isotopes d15N values of nitrate plotted against d18O values of 
nitrate in the influent, PRB, and effluent samples for each treatment on a selection of 
days in which NO3-  removal was detected.  
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Figure S2-9. NMDS of 16S RNA of soil samples collected before infiltration and soil 
samples collected after infiltration for each treatment. Each group (before, NS, WC, 
and ALM) cluster separately, with the most between sample diversity found in the 
ALM samples. 
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Figure S2-10. TOC % wt for each carbon amendment (almond shells and wood 
mulch) before infiltration and following infiltration. 
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Figure S2-11. C/N ratios for the materials in each PRB capsule (NS, WM, and ALM) 
before and after infiltration. 
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Figure S2-12. Metals concentrations for each carbon amendment Comparison of 
Mn (A), Fe (B), and As (C) in each carbon amendment (wood mulch and almond shells) 
before infiltration experiments.  
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Chapter Three  

  

  

  

ASSESSMENT OF SURFACE AND SUBSURFACE SUITABILITY FOR 

MANAGED AQUIFER RECHARGE USING MULTI-CRITERIA DECISION 

ANALYSIS (MCDA) AND GIS 
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and subsurface data and multi-criteria decision in Santa Clara Valley, CA. 
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Abstract  

Managed aquifer recharge (MAR) is a water management strategy that can help to 

improve both water supply and quality, but it can be difficult to determine where on a 

landscape MAR projects are likely to be successful. In order to address this issue, we 

developed a tool to assess the potential for the implementation of MAR projects in 

Santa Clara County, CA. The tool uses multi-criteria decision analysis (MCDA) with 

spatial data in a geographic information system (GIS), to identify locations having 

multiple conditions that are favorable for MAR. Within the three primary groundwater 

management areas of Santa Clara Valley, between the Santa Cruz and Diablo Mountain 

Ranges, conditions favorable for MAR are found on >30% of the land area, covering 

over 30,000 hectares. Sites with the highest MAR suitability tend to be located where 

multiple criteria are well satisfied: on old stream channels, on or near active (although 

often ephemeral) stream channels, and on other coarse Quaternary fluvial and alluvial 

deposits; where land is undeveloped, has low-intensity development, or is used for 

agricultural activities; where there is a vadose zone 6-30 m thick; and where there have 

been large differences in groundwater levels during dry climate periods compared to 

wet periods. Results from this work have important implications for designing MAR 

projects in this region, and this methodology could serve as a template for other regions 

interested in developing MAR projects to address water supply and quality concerns.  
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3.1 Introduction  

Groundwater resources around the world are increasingly stressed by rising 

demand, a changing climate, and shifting land use (Bierkens and Wada, 2019; Wada et 

al., 2010). Managed aquifer recharge (MAR) is a suite of techniques that can improve 

the supply of groundwater by routing excess surface water into aquifers (Bouwer, 2002; 

O’Leary et al., 2012). Techniques for MAR can include dedicated infiltration basins, 

injection wells, aquifer storage and recovery (ASR), and stream bank infiltration 

(Doussan et al., 1998; Maliva et al., 2006; Pavelic et al., 2006). In addition to benefiting 

groundwater supplies, MAR projects can also improve water quality, enhance baseflow 

to streams, and help reduce flooding (Bekele et al., 2011; Dillon, 2005; Hartog and 

Stuyfzand, 2017; Schmidt et al., 2011).  

One MAR strategy that can be particularly useful in delivering these additional 

benefits is flood managed aquifer recharge (flood-MAR), which uses excess water from 

high magnitude winter flows from major rivers or hillslope runoff for recharge on open 

lands to simultaneously enhance groundwater recharge and manage flood waters 

(Kocis and Dahlke, 2017; Marr et al., 2018). This technique has been of particular 

interest in California, where precipitation is highly seasonal, periodic flooding occurs, 

and there is abundant land (often agricultural) on which infiltration can occur (Dahlke 

et al., 2018; O’Geen et al., 2015; Waterhouse et al., 2020). However, questions remain 

about the hydrogeologic constraints of MAR, and there is a particular need to identify 

locations that would be suitable for inundation and/or stormwater collection.  
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Identifying areas suitable for managed recharge can be challenging, as there are many 

hydrogeologic, socioeconomic, and institutional challenges involved in finding ideal 

locations for projects (Fuentes and Vervoort, 2020; Ringleb et al., 2016). There are 

complex surface and subsurface conditions that impact both infiltration and subsequent 

groundwater recharge, which can make it difficult to assess where projects can be most 

beneficial. There are also important socioeconomic factors to consider, including 

proximity to disadvantaged communities, reported drinking water supply shortages, 

and poverty status (Marwaha et al., 2021). Additionally, there are many institutional 

challenges, such as securing water rights, attaining available land for projects, and 

constructing infrastructure to convey and infiltrate water (Dillon et al., 2019). These 

challenges also often vary considerably by region, so assessments often have to be 

conducted at a local scale.  

While field testing at scale is the most direct method for determining if a 

location could be suitable for a MAR project, field studies can be costly and are difficult 

to implement over large areas (e.g., Bouwer, 2002; Beganskas and Fisher, 2017; ASCE, 

2020). For this reason, computational approaches, including use of geographic 

information systems (GIS), are particularly well-suited for assessing MAR suitability  

criteria (Jha et al., 2007).  Several recent studies have used multi-criteria decision 

analysis (MCDA) paired with a GIS in order to identify locations for potential MAR 

projects (Malczewski and Rinner, 2015; Russo et al., 2015; Sallwey et al., 2019; Zhang 

et al., 2019). GIS-based MCDA approaches integration of spatial factors pertinent to 

MAR projects, which are classified, weighted, and combined (Chenini et al., 2010; Yeh 
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et al., 2009). However, methods for the selection of and weighting of factors vary 

greatly from study to study, and there is no standardized or widely accepted 

methodology for this type of analysis (Giove et al., 2009; Sallwey, 2019).  

The most commonly cited factors in designing MAR suitability analysis include 

physical criteria such as slope, land use, geology, soil type, and aquifer properties 

(Chowdhury et al., 2010; Sallwey et al., 2019). Some studies also include an assessment 

of land availability, regional groundwater quality, and the predictions of hillslope 

runoff (e.g., Casanova et al., 2016; Yuan et al., 2016; Owour et al., 2016; Beganskas et 

al., 2019). While these factors do not necessarily influence the physical suitability of 

the landscape for groundwater recharge, they can be paired with suitability analyses to 

identify locations that could deliver significant benefits to both water supply and 

quality. 

The primary goal of this study is to assess sites where there may be good 

opportunities to improve groundwater resources using MAR in Santa Clara County, 

CA, particularly distributed locations that could host recharge systems supplied by 

local stormwater collection. The focus of this work is on method development and 

implementation of a documented MCDA approach, with a regional application. Results 

of this work have direct implications for this region, and may serve as a template for 

other regions where planning and implementation of new groundwater projects are 

expected to be increasingly common and important in coming years.    
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3.2 Methods  

3.2.1 Study region  

This study focuses on Santa Clara County, California, USA, located at the 

southern edge of San Francisco Bay, in an area of mixed urban, suburban, rural, and 

agricultural land use that is home to ~2 million residents (cite). Water supplies in Santa 

Clara County include groundwater (40% of water use), local surface water (40% of 

water use), imported water (15% of water use), and recycled water (5% of water use), 

and are managed by the Santa Clara Valley Water District (VW) (Valley Water, 2021). 

The region includes two primary groundwater subbasins: the Santa Clara Subbasin, 

which consists of two groundwater management areas, Santa Clara Plain and Coyote 

Valley, and the Llagas Subbasin (Figure 3-1). The Santa Clara Plain is more urbanized, 

although there are population centers in Coyote Valley and the Llagas Subbasin as well. 

In general, Coyote Valley and the Llagas Subbasin have a larger fraction of land area 

in agricultural production or designated as undeveloped. Groundwater flow directions 

are generally from the NNW to SSE in the Llagas Subbasin, and from SSE to NNW in 

Coyote Valley and the Santa Clara Plain; of course there are local gradients and flow 

patterns in association with variations in stratigraphy, recharge, and pumping.  

3.2.2 Multi-criteria decision analysis for mapping managed recharge  

  Spatial datasets (Table 3-1) were acquired and imported into the GIS in digital 

format, with adjustments made as needed to the geographic projection, resolution, data 

gaps or errors, and/or units of measurement and display (further described in Sections  
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Figure 3-1 Regional map and project area. Map of the project area, including 
groundwater basins and the approximate extent of confined zones. 
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Table 3-1. Main data types and sources used for multi-criteria decision analysis 
(MCDA). 
 

Surface Data Source a 
Soil infiltration capacity SSURGO 
Land use/Land cover NLCD 
Geology USGS 

Subsurface   
Vadose zone thickness VW 
Aquifer transmissivity VW 
Aquifer storage VW 
Sensitivity of water levels to climate VW 

Filter   
Slope USGS 

Applications   
Selected open space areas SCV OSA, VW 
Groundwater benefit zones VW 
Water quality (TDS and nutrients) VW 

  
a SSURGO = Soil Survey Geographic Database, USDA/NRCS 
NLCD = National Land Cover Database 
USGS = United States Geological Survey 
VW = Santa Clara Valley Water Agency 
SCV-OSA = Santa Clara Valley, Open Space Authority 
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3.2.3 – 3.2.9). Each dataset used as part of the formal analysis is referred to as a "factor." 

We divided the assessment into two general classes of factors: surface and subsurface. 

 Surface factors included the soil infiltration capacity, land use/land cover, and 

the nature of shallow geologic units. Shallow geologic units were considered as a 

surface factor because they were interpreted as linking surface water to subsurface 

aquifer units. Subsurface factors included hydrogeologic parameters such as the 

geometry (lateral extent, thickness) of aquifers and confining layers, vadose zone 

thickness (distance from the ground surface to top of groundwater), the sensitivity and 

inter-annual variability of groundwater levels to climate, and the transmissive and 

storage properties within uppermost aquifer units. 

Factors used quantitatively as part of MCDA for MAR suitability were rated on 

an integer scale having eight levels: 0 to 7, where 0 indicates poor suitability and 7 

indicates excellent suitability. In general, we sought to have intermediate values on 

each rating scale (3 to 4) apply for conditions that were "acceptable" or "satisfactory" 

for MAR, with higher values (5 to 7) being good to excellent and lower values (0 to 2) 

being poor to fair. 

Different classification methods were used for numerical and nonnumerical 

datasets (e.g., soil infiltration capacity and land use, respectively). Two approaches 

were used for classifying numerical datasets: (1) classifying values based on knowledge 

of properties that are beneficial for MAR operations, and (2) classifying values using a 

"natural breaks" method based on the distribution of property values. The first approach 

was used for soil infiltration capacity and vadose zone thickness because there are 
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established standards for these factors in MAR operations (American Society of Civil 

Engineers, 2020). The second approach was used for the transmissivity, storage, and 

the sensitivity and inter-annual variability of groundwater levels to climate because 

there are not standard values for these factors in MAR operations. Nonnumerical 

datasets (land use and surficial geology) were classified based on interpretation of 

associated properties that could influence MAR, as further explained in Sections 3.2.5 

and 3.2.6. 

Once all the factors of interest were classified, multiple factors were combined 

according to their importance ("weight") to generate a spatial suitability "index," 

helping to identify locations where there is alignment of properties that are the most 

favorable for the processes or activities of interest (Figure 3-2A).  

 In an initial analysis, each of the three surface factors were weighted equally 

(Wf-surf  = 0.33 for each).  Each of the four subsurface factors were also weighted equally 

(Wf-subsurf  = 0.25 for each). Surface and subsurface MAR suitability indices were 

weighted equally and combined to create a map of composite MAR suitability (Figure 

3-2B). There is no standard basis for assigning relative weights to different factors, so 

as an initial analysis, we chose equal weighting, reasoning that the initial set of seven 

factors were all fundamentally important for siting MAR projects. 

3.2.3 Terrain slope  

  A United States Geological Survey (USGS) digital elevation model (DEM) was 

used as the basis for the full project, with pixel dimensions and locations forming a 

template for incorporation of all additional raster data (Figure 3-3A). The selected  
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Figure 3-2 MCDA approach. Overview of general approach taken using a geographic 
information system (GIS), with independent factors rated on the basis of perceived 
suitability for MAR, then combined to identify areas with a higher or lower suitability 
index (A). Conceptual approach illustrated with two hypothetical factors. (B). 
Individual factors were weighted equally within two primary data classes, surface and 
subsurface, then these classes were weighted equally for calculating a compositve 
suitability map. Rating scales and weights can be adjusted as desired to explore the 
influence and sensitivity of individual or multiple factors.
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DEM used in this study has a resolution of 1/9-arc-second, equivalent in the project 

area to ~3.4 m x 3.4 m (using the North American Datum of 1983, NAD83) and has 

complete coverage across Santa Clara County. This resolution is fine enough to allow 

relatively detailed assessment, without creating excessive computational or 

visualization burdens. The DEM also allowed for the derivation of terrain slope (Figure 

3-3B).  

DEM slope was applied as a filter to suitability index calculations, removing 

areas having a ground surface slope ≥ 10%, reasoning that these areas are less desirable 

based on challenges in collection of hillslope runoff under steep conditions (Figure 3-

3B). Some areas with slopes >10% might still be viable for projects, but the most 

feasible sites are likely to be in or close to the main groundwater basins that occupy 

valleys, where slopes are typically ≤2%. 

3.2.4 Soil infiltration capacity  

 Soil information was extracted from the Natural Resources Conservation 

Service (NRCS) Soil Survey Geographic Database (SSURGO) and processed for 

analysis and display (Soil Survey Staff, 2014). Data was extracted for each soil type 

represented in Santa Clara County and linked to soil polygons (Figure S3-1). For each 

soil type, we took the arithmetic mean of saturated conductivity listed for each soil 

horizon, then calculated the harmonic mean of layer values (Hiscock and Bense, 2014), 

accounting for both differences in properties and the thickness reported for each soil 

layer:  
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      (1) 

where ICE = soil infiltration capacity (m/day), di = layer thickness (ft), and 

arithmetic mean of the range of conductivity values reported for individual layers 

(m/day). This approach allowed for a wide range of soil properties to be represented, 

while giving more importance during vertical infiltration to layers having the lowest 

(limiting) infiltration capacity.  

 The rating scale was set so that IC values that are moderately favorable for a 

MAR project would be rated ICr = 3 to 4 on a scale of 0 to 7, representing values of IC 

= 0.3 to 0.6 m/day (Table 3-2).  

3.2.5 Land use/land cover 

Land use/land cover (LULC) can have a significant influence on MAR site 

selection. Land use data was obtained from the 2019 National Land Cover Dataset, a 

well-established data product generated for the full continental United States by the 

U.S. Geological Survey in collaboration with regional partners (Dewitz and U.S. 

Geological Survey, 2021). The NLCD includes the full project region at a spatial 

resolution of 30 m, and uses a self-consistent set of LULC designations with sufficient 

granularity for the present application (Figure S3-2). For example, the NLCD includes 

four designations for "developed" land, ranging from high intensity to open space,  
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distinguishes between deciduous, evergreen, and mixed forests, and has separate 

classifications for cultivated crops and hay/pasture.  The rating system used for LULC 

extends across the full range of 0 to 7, but we elected to use a somewhat lower 

resolution categorization scheme, with six rating values (0, 1, 3, 5, 6, 7). LULCr = 0 

was assigned mainly for open water and wetlands (which often have hydrophobic 

soils), whereas LULCr = 1 was assigned only for high-intensity development (urban 

areas) (Table 3-2). Medium- and low-intensity development was rated 3 and 5, 

respectively, reasoning that the latter could prove suitable for MAR if there were 

contiguous open spaces capable of hosting a project, e.g., if a parcel were zoned as a 

park or for environmental benefit.  

 Areas with LULC categories indicating extensive vegetation, other than 

wetland, were rated LULCr = 5, 6, or 7 (Table 3-2). Scrub/shrub and herbaceous 

landscapes were rated LULCr = 5 and 6, respectively, and all forests, cultivated crops, 

and hay/pasture were rated LULCr = 7. The latter rating requires justification. Unlike 

other studies that favored particular crop types based on resilience to inundation and/or 

crop practices such as nitrogen or pesticide application (Marwaha et al., 2021; O’Geen 

et al., 2015), we take a different approach with this factor for several reasons. In this 

region, agricultural areas are considered to be highly suitable for MAR because they 

often contain well-drained soils, are mostly open and working landscapes, have basic 

infrastructure in place for routing water, and may use a lot of groundwater for irrigation, 

thus creating space for supplemental inflows. To the extent that groundwater quality 

has been impaired by past agricultural practices, increasing recharge of surplus surface 
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water can help to dilute salts and nutrients. The presence of specific crops is likely to 

be a weak indicator of MAR suitability in this area because: (a) cropping changes 

frequently over time, (b) for specific crops there can be large differences in 

management, (c) and it is possible that a grower may wish to set aside some land for 

MAR, even if that land is productive, particularly if there is an incentive to do so. 

Alternatively, there could be incentives for land fallowing, or limitations in access to 

water for that makes land less valuable for agriculture.  

 The current framework allows for more specificity that could include different  

LULC ratigns for particular cropping or other agricultural land uses, but we have not 

attempted this in the initial set of calculations. Future work may explore this option. 

3.2.6 Geology 

Regional geology puts hydrogeologic conditions in context, and local geology 

can limit or facilitate recharge depending formation characteristics. In general, 

Quaternary deposits comprise the primary aquifer units in the three groundwater 

management areas, but particularly at basin edges, older units may be in contact with 

younger deposits and therefore could be important for MAR suitability assessment. 

Basin edges, where alluvial and fluvial units may pinch out against bedrock deposits, 

are often locations of "mountain front" recharge because primary aquifer units are 

sometimes exposed in these areas. In contrast, areas closer to valley centers may 

contain wetland or estuarine deposits that are fine grained, can perch shallow 

groundwater, and can result in development of confined conditions in underlying 
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aquifers. Thus, the nature of geologic formations throughout groundwater basins 

important for assessing MAR suitability.   

 Regional geology maps for the study region were combined to develop a 

composite coverage (Figure S3-3), using a USGS geodatabase (Horton et al., 2017). 

For Quaternary deposits that are found near the surface in most of the designated 

groundwater basin areas, we used a compilation that defines 55 Quaternary deposit 

types (Witter et al., 2006; Wentworth et al., 2006). For areas with older geological 

units, data was obtained from the USGS State Geologic Map Compilation (SGMC) 

geodatabase, including 13 formations ranging in age from Eocene to Mesozoic, and 

four Quaternary units. Where the latter were also represented by Quaternary deposits 

in the more detailed Quaternary compilation, the latter designations superseded those 

from the regional map. All lithology codes and associated lithology names are included 

in Table S3-1. 

 Quaternary units that include former stream channels were assigned the highest 

ratings (Geolr = 6 or 7), based on experience elsewhere indicating that these materials 

can penetrate shallow fine-graned layers and provide a more direct connection to 

underlying aquifers (e.g., Weissman et al., 2004; Beganskas and Fisher, 2017) (Table 

3-2). Other Quaternary valley fill and fluvial units were assigned moderately high 

ratings (Geolr = 4 or 5), with the higher rating used for units that seems likely to be 

connected to or part of aquifers. Some units were largely undifferentiated (gravel to 

sand to silt to clay) or were identified as generally being older and more lithified, 

resulting in classification of Geolr = 3. Ratings of Geolr ≤ 3 were generally assigned to 
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units that were Plio-Pleistocene or older, including crystalline rocks in the Santa Cruz 

Mountains. 

3.2.7 Vadose zone thickness  

Vadose zone thickness is critical to consider when evaluating recharge 

suitability, since the vadose zone must be thick enough to receive infiltrated water, but 

thin enough to allow confidence that water will reach the underlying aquifer. Vadose 

zone thickness can also influence processing of nutrients or other contaminants. Several 

groundwater level datasets were made available by VW, expressed as depth below 

ground surface (depth to water, DTW), and used for multiple calculations and data 

coverages: (a) median water levels in groundwater wells during 2010-19, (b) maximum 

depth to water during a recent drought, 2014-15, and (c) minimum depth to water 

during a long time interval that includes multiple periods with relatively wet conditions, 

1978-2019 (majority being post-1994, and ~25% of data collected in 2005-06. All of 

these subsurface datasets extend spatially near to the limits of groundwater basin extent, 

a subset of the total project area (Santa Clara County, Fig. 3-1). In application to the 

MAR suitability index, median water level was interpreted to be equivalent to vadose 

zone thickness, the depth from the ground surface to groundwater level in an 

unconfined aquifer (Figure S3-4A).  

 Ratings for vadose zone thickness have the most complex categorization system 

using in this study (Table 3-3). At the lower limit, a high water table with DTW < 3.5 

m was considered too shallow for MAR, as this is likely to result in undesired 

mounding and saturation of shallow soils (VZr = 0 in this analysis). At the other 
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extreme, a vadose zone >60 m thick suggests that groundwater is so deep that surface 

infiltration is likely to result in perched water, rather than recharge penetrating to a 

depth from which groundwater pumping commonly occurs (VZr = 1). VZ values 

between 3.5 and 60 m were assigned intermediate VZr values, with highest rating 

assigned when DTW = 6-18 m (VZr = 7). We used a limited rating scale, omitting values 

of 4 and 6, mainly because there was not enough confidence in finer granularity in the 

classification (e.g., it was not clear if DTW = 35 m is really much better than DTW = 

55 m). 

3.2.8 Groundwater climate sensitivity  

 The coverages for maximum depth to water (under dry conditions, DTWdry) and 

minimum depth to water (wet conditions, DTWwet) were used to calculate a climate 

sensitivity factor, Cs = DTWdry – DTWwet, resulting in higher ratings at locations where 

there were the greatest differences in water levels between dry and wet conditions 

(Figure S3-4A). We note that higher groundwater levels under wet conditions and 

lower water levels under dry conditions could result from differences in pumping. 

Thus, the phrase "climate sensitivity" represents a hybrid of hydrologic and human 

influences. We interpret larger values of Cs to be a positive indicator of MAR 

suitability, identifying locations where infiltrated surface water may have a good 

opportunity to reach an aquifer where there is available storage space. Cs values less 

than 12 m were assigned poor to fair values (Cs = 0 – 2), values greater than 12 m and 

less than 24 m were considered moderately suitable (Cs = 3 - 4), and values greater than 

24 m were considered good to excellent (Cs = 5 - 7) (Table 3-3). 
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3.2.9 Hydrogeologic properties: transmission and storage 

 Multiple data coverages were used to assemble maps of aquifer properties, as 

applied for groundwater models currently in use by VW, including updated versions of 

simulations developed for the Santa Clara Plain, Coyote Valley, and the Llagas 

Subbasin (Calpine Corporation and Bechtel Enterprises Holdings Inc., 2000; CH2M 

Hill, 2005, 1992). Acquisition and development of these data coverages for use in the 

current project varied by management area and model, as summarized in this section. 

Transmissivity is defined as the product of horizontal hydraulic conductivity multiplied 

by aquifer thickness for a tabular, horizontal aquifer layer or layers. Thus, for 

unconfined conditions, transmissivity varies with water level. The storage factor 

calculated for the present application is the product of specific yield (Sy) and aquifer 

layer thickness, indicating space available for storage of infiltrated surface water.  

 For the model of groundwater flow in the Santa Clara Plain (CH2M Hill, 1992), 

data were evaluated for the top three model layers (1, 2, 3), for which lateral grid 

resolution was typically ~300 to 1,800 m. Layers 1 and 2 exist for this model only 

where the principal aquifer is confined, representing the upper unconfined and 

confining layers, respectively. Where Layer 1 exists, in the confined region, its 

thickness is ~24 to 30 m. Where Layers 1 and 2 are absent, Layer 3 is the uppermost 

active model layer and is ~30 to 150 m thick. For transmissivity calculations for this 

model, we multiplied horizontal conductivity (Kh) by layer thickness for Layer 1 in 

confined areas, or by the layer thickness for Layer 3 where the main aquifer is 

unconfined. This approach accounts for there being limited (but often non-zero) 
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transmissivity above confined parts of the Santa Clara Plain, but generally results in 

greater transmissivity when Layers 1 and 2 are absent. Layer 1 values of horizontal 

conductivity were constant in the model, Kh = 21 m/day, whereas Layer 3 values varied, 

Kh = 1.5 to 100 m/day.  

 A similar approach was applied for storage from the Santa Clara Plain model, 

using Layer 1 where it was active above a confining layer, and Layer 3 where this was 

the shallowest model layer. In each case, we multiplied the value of Sy by layer 

thickness in the same cell location. Specific yield in the Layers 1 and 3 of this model 

varied with location, Sy = 0.02 to 0.21.  

  For input data used with groundwater models for Coyote Valley and the Llagas 

Subbasin, we worked only with the uppermost layer, Layer 1. For the Coyote Valley 

model, Layer 1 has spatial resolution of 76 m by 76 m. Although Kx and Ky are specified 

separately (with a range of ~10 to 200 m/day), they are assigned the same values (Kx = 

Ky) in individual cells. In addition, Sy = 0.08 in this model throughout the domain, so 

differences in storage calculations as applied in this study depend entirely on cell 

thickness. Cells in Layer 1 of the Coyote Valley model are assigned thicknesses of 4 to 

115 m. 

 For the Llagas Subbasin model, calculations were made for Layer 1, which has 

a spatial resolution of ~150 m x 150 m. As with the Coyote Valley model, Kx and Ky 

are specified separately (with a range of 4 to 40 m/day), but assigned the same values 

(Kx = Ky) within individual cells. Specific yield is much lower in the Llagas Subbasin 
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model than in the other two models, with values of Sy = 0.005 to 0.06, and cell 

thicknesses are 45 to 90 m. 

 Resulting values of transmissivity vary from <50 m2/day to >3,700 m2/day, with 

the highest values calculated from model input data in the unconfined part of the Santa 

Clara Plain (Figure S3-5). There are some elevated values apparent along the center of 

Coyote Valley, and transmissivity is lower along valley edges, especially on the 

southwest side. Transmissivity values tend to be lower overall in Llagas Subbasin, with 

the lowest values in the confined area along the southeastern side of the basin. The 

overall coarse granularity of model cells is apparent in the calculated transmissivity 

values, as the model resolution is several orders of magnitude coarser than the ~3.4 x 

3.4 m pixel size applied in this study, but there is "structure" in the variability that 

seems to be broadly consistent with the nature of basin fill deposits.  

 The distribution of storage factor values suffers in comparison, with large areas 

in which there is little variability. In the Santa Clara Plain, there appears to be 

considerable storage associated with the unconfined area along the southwestern side 

of the basin (Figure S3-5B). There are much smaller parts of Coyote Valley and Llagas 

Subbasin with elevated storage values, and large sections of Llagas Subbasin, in 

particular, with little available storage based on values used in the groundwater models.  

3.2.10 Constraints for application of MAR 

 Remaining factors applied in this pre-feasibility assessment of MAR suitability 

for the VW service area were not applied directly as part of suitability index 
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calculations, but were used instead as overlays that help to focus investigation of 

specific subregions.  

 Overlays included parcels designated as open space, existing recharge areas 

(both natural and managed), groundwater nitrate concentrations, and groundwater total 

dissolved solids (TDS) concentrations. Considerations for placement of a MAR project 

could include identification of parcels designated as open space, for which restoration 

goals might be consistent with enhanced infiltration for MAR. Additionally, water 

quality indicators (groundwater nitrate and TDS) were included as overlays in order to 

assess if projects could improve water quality. Whether these or other factors were 

considered to be positive or negative with respect to placement of a MAR project 

depends on numerous additional considerations, and it will often be useful to simply 

render maps of a MAR suitability index with an overlay of data representing additional 

information.  

3.3 Results  

3.3.1 Infiltration capacity 

  Areas with the highest infiltration capacity (IC) rating are located mainly in 

association with active streams, paleochannels, and sandstone units in the Santa Cruz 

Mountains (Figure 3-4A). Active stream channels (either perennial or ephemeral) are 

not likely to be used for creation of new MAR projects, but near-stream areas could 

prove useful for this purpose if there is a suitable water supply available. 

 Overall, soils in Santa Clara County tend to be unfavorable for infiltration for 

recharge, with IC ≤ 0.3 m/day (ir ≤ 2) mainly because many of the valley fill and 
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wetland units are a complex mixture of textures and depositional facies, including 

common fine units. About 10% of the study region has moderately to highly favorable 

soils based on IC, comprising ~36,000 hectares (Table 3-2). Within the groundwater 

management areas, favorable soils tend to occur in clusters, particularly at the southern 

end of Coyote Valley, the northern and southwestern side of the Llagas Subbasin, and 

around the edges of the limit of confined aquifer conditions in the Santa Clara Plain 

(Figure 3-4A). In many cases, these are active, ephemeral, or paleo-stream channels or 

associated deposits, as identified in earlier studies (Helley et al., 1979). 

3.3.2 Land use/land cover 

 Much of the project area appears to be favorable for MAR on the basis of land 

use/land cover (LULC) (Figure 3-4B), more a preponderance of high ratings especially 

in Coyote Valley, the Llagas Subbasin, and the western edge of the Santa Clara Plain. 

However, the regions with the most continuous favorable LULC ratings are outside to 

groundwater management areas, particularly in the Santa Cruz Mountains and Diablow 

Range to the east.  

3.3.3 Geology 

 In general, the groundwater basins (Santa Clara Plain, Llagas Subbasin, and 

Coyote Valley) have more favorable geology for MAR compared to the rest of Santa 

Clara County, and there is considerable variability within the subbasins (Figure 3-4C). 

More than 7% of the land area in Santa Clara County has geology characterized as 

Geolr ≥ 5, comprising nearly 25,000 hectares, most of which is located in the 

groundwater management areas. 
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3.3.4 Surface suitability index 

 The three surface factors were weighted equally to derive a MAR Suitability 

Index (SIsurf) (Figure 3-5A). Because the three surface factors applied are mostly 

independent (perhaps with limited correlation between ICr and Geolr ), the resulting 

map is highly granular and shows considerable variability and complexity across the 

project region. We also filtered out all pixels having slopes ≥10%, which removed 

mountainous areas to the west and east of the groundwater basins. More than 7% of the 

land area was characterized as SIsurf = 4 to 7, comprising ~24,000 hectares, most of 

which is located in the groundwater management areas, and particularly Coyote Valley 

and the Llagas Subbasin. If we consider areas with SIsurf = 3-4, the center of the range 

calculated, this comprises another ~19% of land area, an additional ~60,000 hectares 

that is also mostly in the groundwater management areas.   

3.3.5 Vadose zone thickness 

 Much of the project area (groundwater basins for this and other subsurface 

datasets) has relatively high vadose zone ratings (VZr = 5 to 7, 44% of the basin areas), 

particularly unconfined areas in the Santa Clara Plain and Llagas Basins, and the 

southern and eastern sides of Coyote Valley (Figure 3-6A). The vadose zone tends to 

be thinnest near the basin centers, particular at the north end of the Santa Clara Plain 

and the southern end of the Llagas Subbasin, where confined conditions are dominant,  

and on the northern side of Coyote Valley. The vadose zone tends to be thickest where 

there are local topographic highs, including locations where bedrock formations are  

 



173 



174 



175 

 surrounded by valley fill deposits, and on the edges of the groundwater basins as they 

slope upward into surrounding mountain ranges.  

3.3.6 Climate sensitivity of groundwater levels 

 Climate sensitivity of groundwater levels is more variable across the project 

region, with scattered patches having elevating ratings (Figure 3-6B). Large areas of 

elevated CSr (5 to 7) are found in the Santa Clara Plain, but there are also patches in 

Coyote Valley and the Llagas Subbasin, particularly along the eastern basin edges. 

These areas comprise >20% of the groundwater management areas, covering >20,000 

hectares (Table 3-3).  

3.3.7 Transmissivity 

 Transmissivity ratings are highest (Tr = 6 to 7) in unconfined areas where there 

are thick and conductive surface layers, with the highest values in southern Santa Clara 

Plain and central Coyote Valley. Moderate ratings (Tr = 4 to 5) are common in clusters 

throughout the project region, including much of Llagas Subbasin (Figure 3-6C). 

Because the Santa Clara Plain groundwater model incorporates no variation in 

horizontal conductivity in the confined area, variations in Tr result entirely from 

variations in modeled aquifer layer thickness. Somewhat greater granularity is apparent 

in Coyote Valley and the Llagas Subbasin (Figure 3-6C). The majority of the 

management areas have transmissivity in shallow model layers that fall on the upper 

50% of the rating scale (Table 3-3). 

3.3.8 Available storage 
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 The distribution of rated storage factors (Sr) is similar in some ways to that for 

shallow transmissivity, with the lowest values in confined areas (Figure 3-6D). The 

overall range is low, with 85% of the study areas apparently having <1.5 m of available 

storage (Sr  ≤ 5, product of vadose zone thickness and specific yield). There is reason 

to suspect that values of aquifer thickness and/or specific yield might be 

underrepresented in computer models. The majority of the study region is rated as 

having little or no available storage, particularly in the Llagas Subbasin. Given the 

distribution of values derived from the regional computer models, there would be little 

benefit to expanding the storage rating scale to boost intermediate values (Sr = 3 to 5), 

but this analysis suggests that it may be worth considering a more holistic assessment 

of basin stratigraphy that incorporates detailed information available from groundwater 

well logs and other data (Carle et al., 2006). Still, >25% of the study region has 

moderate to high Sr values based on available data (Table 3-3).  

3.3.9 Subsurface suitability index 

 Subsurface datasets were combined to generate a MAR suitability index based 

on these data coverages alone (SIsubsurf) (Figure 3-5B). The areas with the highest 

suitability index for MAR based on subsurface data are in unconfined regions of the 

three groundwater management areas where water levels are moderately deep, resulting 

is good opportunities for infiltration to reach the water table and demonstrating 

considerable variability between wet and dry climate periods. There is a relatively 

uniform distribution of SIsubsurf ratings, and ~50% of the study region has moderate to 

high suitability based on subsurface data, SIsubsurf = 4 to 7 (Table 3-4). 
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Table 3-4. Summary of ratings for surface, subsurface, and composite suitability 
coverages. 
 

  Surface Suitabilitya,b 
Subsurface 
Suitabilityc 

Composite 
Suitabilityd 

Suitabilit
y 

Ranking 
Area 

(hectares) 
% Land 

Area 
Area 

(hectares) 
% Land 

Area 
Area 

(hectares) 
% Land 

Area 
0 1.52E+05 45.3 1.09E+04 11.9 3.56E+03 3.9 

> 0 - 1 4.82E+03 1.4 1.02E+04 11 4.49E+03 5.1 
> 1 - 2 2.33E+04 6.9 1.10E+04 12 7.37E+03 8 
> 2 - 3 6.76E+04 20.2 9.06E+03 9.9 1.63E+04 17.8 
> 3 - 4 6.35E+04 18.9 1.42E+04 15.5 2.76E+04 30.1 
> 4 - 5 1.84E+04 5.5 1.90E+04 20.7 2.74E+04 29.9 
> 5 - 6 5.14E+03 1.5 1.36E+04 14.8 4.65E+03 5.1 
> 6 - 7 6.56E+02 0.2 3.88E+03 4.2 1.62E+02 0.2 

a Percent land area was calculated based on the total area of Santa Clara 
County (335,000 hectares).   
b Includes land filtered by slope 
>10%.         
c Percent land area was calculated based on the total extent of the subsurface rating 
coverage (80,000 hectares). 
d Percent land area was calculated based on the total extent of the composite rating 
coverage (80,000 hectares). 
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3.3.10 Composite suitability index 

 A composite MAR suitability index map, based on all surface and subsurface 

factors that were rated and weighted, shows considerable spatial variability (SIcomp) 

(Figure 3-7). This is largely a consequence of the granularity and resolution of surface 

datasets. More than 35% of the study region for which all datasets exist (i.e., within the 

groundwater subbasins) has SIcomp values of 4 to 7, comprising ~32,000 hectares (Table 

3-4). Importantly, patches with elevated SIcomp values are found throughout the basins.   

3.4 Discussion 

3.4.1 Implications for managed recharge in Santa Clara County 
 
  Suitability maps indicate that there could be many good opportunities to 

accomplish MAR objectives in Santa Clara County. In general, MAR opportunities 

appear to be most common (as a percentage of groundwater management areas) in the 

Coyote Valley and Llagas Subbasin. Areas with the highest suitability include old 

stream channels and other features that have relatively coarse surface and near-surface 

lithologies, in addition to room in the subsurface to receive and transmit excess surface 

water. 

 Three additional displays illustrate ways in which preliminary MAR SI maps 

can be helpful in planning and screening project activities. Parks and open spaces were 

overlaid with SIcomp in order to identify potential project sites on existing public open 

lands (Figure 3-8A). This could also help to generate multiple ancillary benefits, 

including improved habitat, where there are fewer concerns about food safety 

compared to areas that are developed for agriculture.  
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Figure 3-7 Composite suitability map. Flood-MAR suitability ratings for Santa Clara 
County combining both surface and subsurface ratings, as well as a histogram of the 
composite suitability rating values.
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We also overlaid a map showing SIcomp values with Valley Water’s existing recharge 

locations (both natural and managed), including in-stream recharge and groundwater 

recharge ponds (Figure 3-8B). This helps to visualize where new projects could 

complement or supplement existing operations and/or known natural recharge areas.  

 The SIcomp map was also overlaid with two water quality indicators, nitrate-

nitrite and total dissolved solids, which helps to show where areas with elevated 

suitability have more or less water quality issues in ambient groundwater (Figure 3-

9A-B). Depending on project goals, MAR projects could be prioritized where was 

quality is better or worse, implying consequent application of recovered water having 

higher quality or likely dilution where groundwater is impaired, respectively. 

 All MAR suitability maps also contain the approximate location of known 

confined areas in the groundwater basins. The location of the mapped boundary 

between the confined and unconfined aquifer conditions is based on long-standing 

geologic interpretations, going back decades. While this boundary is considered 

approximate due to geologic uncertainty and aquifer heterogeneity, it continues to be 

supported by substantial geologic and hydrogeologic data. MAR projects would likely 

be prioritized outside the confined areas in the recharge zones and in locations that 

complement the spatial coverage of existing managed recharge operations.   

3.4.2 Application to other regions 

 While the results of our approach are directly applicable in Santa Clara County, 

this methodology is rooted in past studies and should be adaptable for use in other  
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regions. These analysis used physical criteria that are measured in most groundwater 

basins and are often publicly available. The data used in surface suitability index, 

including infiltration capacity, land use, and geology, was all obtained from publicly 

available datasets for the continental United States. Additionally, subsurface data, such 

as groundwater levels, aquifer transmissivity, and available aquifer storage, are 

available in most regions and can be substituted with local data. Globally, there is a 

growing availability of high-resolution remote sensing data for assessing land use, 

slope, and subsurface characteristics, such as groundwater levels (Jha et al., 2007). This 

data can easily be incorporated into a model framework as applied for Santa Clara 

County, modifying classification and/or ranking systems as appropriate based on 

regional and local conditons. 

3.4.3 Study limitations and next steps 

Even within this context and use case, the site suitability maps are 

fundamentally limited by the accuracy and resolution of available data. For surface 

coverages like land use/land cover, these can change over short time scales, and factor 

coverages derived over multiple years (or even decades) could result in inconsistent 

merging of data periods. For subsurface coverages like transmissivity or available 

storage, there are limitations based on groundwater model resolution and the direct 

measurements that provided the basis for calibrating these models. Groundwater 

models have been calibrated multiple times over a period of years in the Santa Clara 

Valley, beginning when there was much less available data and the development of a 



  184  

three-dimensional stratigraphic model was more difficult than it would be today, and 

the resolution of existing models is relatively coarse. 

Some MAR site suitability studies have conducted a sensitivity analysis or field 

validation from existing recharge sites to assess model performance (Chowdhury et al., 

2008; Ghayoumian et al., 2007; Owusu et al., 2017). While a formal sensitivity analysis 

was not conducted, we compared this new analysis with another suitability analysis 

that includes the project area, the Soil Agricultural Groundwater Banking Index, 

SAGBI (O’Geen et al., 2015). SAGBI uses five soil characteristics derived from the 

NRCS SSURGO database, and includes groundwater basins throughout California. 

SAGBI assigned suitability ratings on a 100-point scale with six categories of rankings, 

where 0-15 was rated as “very poor,” >15-30 was rated as “poor,” >30-50 was rated as 

“moderately poor,” >50-70 was rated as “moderately good,” >70-85 was rated as 

“good,” and >85 was rated as “excellent.” We normalized SIcomp from the present study 

using a six-point scale, where a rating of 0-1 was considered to be “very poor,” >1-2 

was rated as “poor,” >2-3 was rated as “moderately poor,” >3-4 was rated as 

“moderately good,” >4-5 was rated as “good,” and >5-7 was rated as “excellent.” For 

both SAGBI and SIcomp, ratings were reclassified on a numerical scale, with “very poor” 

rated as 1 and “excellent” rated as 6.  

Once SAGBI and SIcomp  results were put on the same scale, SAGBI ratings 

were subtracted from SIcomp  values to see how the two suitability rating systems 

compared, demonstrating considerable (Figure 3-10). The two models were in 

agreement (within one ranking category) for ~79% of the land area, while SAGBI was  
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Figure 3-10 Comparison of our flood-MAR suitability ratings with SAGBI. 
SAGBI ratings from O’Geen et. al (2015) subtracted from flood-MAR suitability 
ratings from this study, which were normalized to the same 6 point scale for 
comparison. A rating of “0” indicates agreement with SAGBI ratings. Positive values 
indicate that SAGBI rated the area with lower suitability than this study, while negative 
values indicate that SAGBI rated the area with higher suitability than this study. 
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rated higher for ~17% of the land area (primarily in eastern Santa Clara Plain) and 

SAGBI was rated lower for ~4% of the land area (primarily in eastern Llagas 

Subbasin). Some of the differences between the two models are likely to have resulted 

from incorporation of subsurface data in the present study. However, the strong 

agreement between the two analyses helps to give confidence that there developed with 

consistent approaches.  

Future work could involve more extensive sensitivity analyses or field 

validation from existing recharge sites to test the accuracy and robustness of the MCDA 

approach. While VW maintains 27 active managed recharge sites, data was not 

available to quantify and compare the performance of these sites. Looking at recharge 

basins overlaid on the composite suitability map (Figure 3-8b), some existing recharge 

basins are located where the suitability was rated fairly low, because our analysis 

identified existing recharge basins as "open water" land use (Figure 8B). Infiltration 

data from existing managed recharge basins would be needed to accurately field 

validate MCDA predictions.  

Next steps in this work include an analysis of water availability for MAR 

projects, specifically assessing hillslope runoff in Santa Clara County under different 

climate scenarios. Previous work pairing MAR suitability with hillslope runoff 

analyses in the nerarby Pajaro Valley, CA helped to further identify locations where 

projects could deliver the significant benefits (Beganskas et al., 2019). Another area of 

future work could include field testing soil infiltration properties in areas that have been 

identified as suitable for MAR by the GIS-MCDA analyses. Field testing and validation 



  187  

efforts could be focused in areas with the highest suitability ratings. With the addition 

of hillslope runoff modeling and field testing, our GIS-MCDA method will become 

more robust for assessing MAR site suitability. 

3.5 Summary and Conclusions 

In this study, we used multi-criteria decision analysis with spatial data, 

combined in a geographic information system, to identify locations with multiple 

favorable conditions that could motivate MAR project development. Within the three 

primary groundwater management areas, physical conditions favorable for MAR are 

found on >30% of the land area, covering over 30,000 hectares. Sites with the highest 

MAR suitability tend to be located where multiples of these criteria are satisfied: on 

old stream channels, on or near active (although often ephemeral) stream channels, and 

on other coarse Quaternary fluvial and alluvial deposits; where land is undeveloped, 

has low-intensity development, or is used for agricultural activities; where there is a 

vadose zone 6-30 m thick; and where there have been large differences in groundwater 

levels during dry climate periods compared to wet periods. 
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Figure S3-1. Infiltration capacity of soils in study area, binned to highlight areas with 
most favorable properties for MAR. In general, MAR project sites should be identified 
in areas where infiltration rates are ≥30 cm/d. 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 



  195  

 

 
 
  

  
Figure S3-2. Land use/land cover in the study area, based on categories in the National 
Land Cover Database 2019. 
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Figure S3-3. Geologic units mapped across the study area, including 72 distinct 
lithologies. A full listing is included in Table S3-1, but in general, yellow/brown colors 
represent Quaternary alluvial deposits, while turquoise/lavender colors represent Upper 
Cretaceous and Pliocene marine rocks, Mesozoic volcanic rocks, and Franciscan 
Melange. 
 
 
 
 
 
 
 
 
 
 
 
 



  197  

 

 
Figure S3-4. A. Vadose zone thickness based on median depth to water 
(DTW) during 2010 – 2019. B. Climate sensitivity of DTW defined as 
DTWdry (2014 – 2015) – DTWwet (1978 – 2019, minimum water level).  
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Figure S3-5. Aquifer properties from MODFLOW property files. A. Transmissivity 
from upper layers. B. Storage from upper layers, defined as specific yield x thickness 
of vadose zone. 
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Table S3-1. Lithology codes and associated lithology names used in the surficial 
geology coverage. 
 

Lithology 
Code Lithology Name 

adf Artificial dam fill (historical) 

af Artificial fill (historical) 

alf Artificial levee fill (historical) 

br 
Early Quaternary and older (>1.4 Ma) deposits and bedrock, 

undifferentiated 

gq Gravel quarries and percolation ponds (historical) 

H2O Water 

nm Not mapped 

Qa Latest Pleistocene to Holocene alluvial deposits, undifferentiated 

Qf Latest Pleistocene to Holocene alluvial fan deposits 

Qha Holocene alluvial deposits, undifferentiated 

Qhay Latest Holocene alluvial deposits, undifferentiated 

Qhb Holocene Basin Deposits 

Qhbm Holocene San Francisco Bay mud 

Qhc Historical stream channel deposits 

Qhc-br Combination of Qhc, br 

Qhc-Qhly Combination of Qhc, Qhly 

Qhf Holocene alluvial fan deposits 

Qhf-Qhff Combination of Qhf, Qhff 

Qhf-Qhl Combination of Qhf, Qhl 

Qhf-Qpf Combination of Qhf, Qpf 

Qhf1 *Related to Qhf* 

Qhf2 *Related to Qhf* 

Qhfe Holocene alluvial fan-estuarine complex deposits 

Qhff Holocene alluvial fan deposits, fine facies 

Qhff-br Combination of Qhff, br 

Qhfy Latest Holocene alluvial fan deposits 

Qhl Holocene alluvial fan levee deposits 
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Qhl-Qhty Combination of Qhl, Qhty 

Qhl-Qpf Combination of Qhl, Qpf 

Qhl1 *Related to Qhl* 

Qhly Latest Holocene alluvial fan levee deposits 

Qhly-Qhty Combination of Qhly, Qhty 

Qht Holocene stream terrace deposits 

Qht-Qhty Combination of Qht, Qhty 

Qht-Qpf Combination of Qht, Qpf 

Qht1 *Related to Qht* 

Qht2 *Related to Qht* 

Qhty Latest Holocene stream terrace deposits 

Qhty-Qpf Combination of Qhty, Qpf 

Qoa Early to late Pleistocene alluvial deposits, undifferentiated 

Qof Early to late Pleistocene alluvial fan deposits 

Qof1 *Related to Qof* 

Qof2 *Related to Qof* 

Qot Early to late Pleistocene stream terrace deposits 

Qot1 *Related to Qot* 

Qot2 *Related to Qot* 

Qpa Latest Pleistocene alluvial deposits, undifferentiated 

Qpf Latest Pleistocene alluvial fan deposits 

Qpf-Qpt Combination of Qpf, Qpt 

Qpf? See Qpf 

Qpt Latest Pleistocene stream terrace deposits 

Qpt? See Qpt 

Qt Latest Pleistocene to Holocene stream terrace deposits 

Qt1 *Realted to Qt* 

Qt2 *Related to Qt* 

  

E Eocene marine rocks 

K Cretaceous marine rocks (in part nonmarine), unit 1 (Coast Ranges) 
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KJf Franciscan Complex, unit 1 (Coast Ranges) 

KJfm Franciscan melange 

Ku-Ep Upper Cretaceous and Paleocene marine rocks, undivided 

Ku Upper Cretaceous marine rocks, unit 1 (Upper Great Valley Sequence) 

M Miocene marine rocks 

Mzv Mesozoic volcanic rocks, unit 1 (Coast Ranges) 

O Oligocene marine rocks 

P Pliocene marine rocks 

Q Quaternary alluvium and marine deposits 

Qls Quaternary large landslide deposits 

Qoa Older Quaternary alluvium and marine deposits 

Qpc Plio-Pleistocene and Pliocene loosely consolidated deposits 

Ti Tertiary intrusive rocks (hypabyssal), unit 2 (Quien Sabe Volcanic Field) 

Tv Tertiary volcanic flow rocks, unit 1 (Quien Sabe-Burdell Mountain) 

um 
Ultramafic rocks, chiefly Mesozoic, unit 3 (Coast Ranges and Western Klamath 

Mountains) 
 
 




